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Among many strategies to solve water quality problems, environmental biotechnology 
provides attractive solutions to remove contaminants from drinking water sources in 
more sustainable ways than traditional methods.  In this dissertation, efforts were 
presented to optimize and apply biologically active carbon (BAC) reactors to remove 
inorganic contaminants (i.e., perchlorate and nitrate) from groundwater and synthetic 
groundwater.  The optimization strategies included promoting biological activity by 
adding phosphorus, utilizing the activated carbon adsorption capacity and an intracellular 
storage mechanism to control effluent electron donor residual, and controlling microbial 
contamination by disinfecting reactor effluent with monochloramine.  In order to study 
the perchlorate reducing bacterial populations insides bioreactors, a solution-based 
hybridization assay using peptide nucleic acid molecular beacon probes was developed to 
quantify 16S ribosomal RNA of Dechloromonas and Azospira.  In addition, molecular 
techniques such as clone library and real time polymerase chain reaction were applied to 
monitor specific microbial populations in BAC reactors after changes in various reactor 
operating conditions.  With the knowledge obtained from the microbial studies, the 
correlation among reactor operation, microbial community, and reactor performance was 
elucidated.  The use of environmental biotechnology, complemented by molecular studies 
of the microbial communities involved, as demonstrated in this dissertation, provides a 
promising avenue to mitigate a variety of water quality problems. 
1 
1. Chapter 1 
 
 
Introduction, Objectives, and Strategies 
1.1 Perchlorate Contamination and Treatment Technologies 
During the past decade, perchlorate has been detected in more than 25 states in the United 
States and affected the drinking water supplies of millions of people (Gullick et al., 2001; 
Motzer, 2001).  Perchlorate is introduced to the environment through human activity 
(Urbansky, 2002; Wilkin et al., 2007) and natural processes (Dasgupta et al., 2005; Rao 
et al., 2007).  Because it is a competitive inhibitor of the process by which iodide is 
absorbed by the thyroid (Greer et al., 2002), perchlorate is on U.S. EPA’s drinking water 
contaminant candidate list (US-EPA, 2008) and is regulated by a number of states at 
concentrations ranging from 1 to 18 μg/L (US-EPA, 2005). 
Abiotic and biological treatment methods have been developed to remove 
perchlorate from water (Xu et al., 2003).  Abiotic treatment options, such as ion exchange 
(Venkatesh et al., 2000; Gu et al., 2001), membrane filtration (Urbansky and Schock, 
1999), activated carbon adsorption (Chen et al., 2005), and zero valent iron nanoparticle 
mediated reduction (Xiong et al., 2007), rely on physical and/or chemical processes to 
remove perchlorate from water.  In comparison, biological treatment relies on perchlorate 
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reducing bacteria (PRB) to convert perchlorate to non-toxic chloride (Coates and 
Achenbach, 2004), and has been proven successful in various reactor configurations 
(Nerenberg et al., 2002; Brown et al., 2003; Min et al., 2004).  Compared to their abiotic 
counterparts, biological treatment systems can achieve consistent perchlorate removal 
without generating concentrated waste streams, which require further treatment (Brown 
et al., 2002; Xu et al., 2003).  In addition, biological treatment processes generally are 
less costly (Brown et al., 2005), although recent reductions in the price of ion exchange 
resins may make the economics of these two categories of competing technologies more 
comparable (Roquebert et al., 2000).  Another attractive feature of biological treatment is 
its potential to simultaneously remove multiple contaminants, such as chromate, selenate, 
and dichloromethane (Nerenberg and Rittmann, 2004). 
Biological perchlorate removal from drinking water can be practiced in various 
reactor configurations, such as fixed-bed bioreactors (Brown et al., 2003; Min et al., 
2004), fluidized-bed bioreactors (Greene and Pitre, 2000; McCarty and Meyer, 2005), 
and membrane biofilm bioreactors (Nerenberg et al., 2002; Nerenberg et al., 2008).  The 
biomass in these bioreactors resides primarily in biofilms.  Compared to the other reactor 
configurations, fixed-bed bioreactors are easy to implement and relatively simple to 
operate.  Various fixed-bed bioreactors employ different types of biofilm attachment 
materials: sorptive attachment materials such as granular activated carbon (GAC) (Brown 
et al., 2003; Choi et al., 2008), and nonsorptive attachment materials such as sand (Min et 
al., 2004) and glass beads (Choi et al., 2007). 
Among various fixed-bed bioreactor designs, fixed-bed bioreactors using GAC as 
biofilm attachment materials, the so-called fixed-bed biologically active carbon (BAC) 
3 
systems, have the following advantages in treating contaminated drinking water.  First, 
for many drinking water treatment plants that employ GAC filters for advanced drinking 
water treatment, no extra construction is needed to convert them to BAC systems.  In fact, 
many GAC filters are operated biologically by allowing microbial growth on GAC 
surface.  Second, the adsorption capacity of the GAC surface provides an effective means 
to remove contaminants that are not biodegradable (Weber, 1974).  Furthermore, 
contaminants that are toxic or inhibitory to microbial activities can be adsorbed, so that 
the microbes grown on GAC are exposed to much lower concentrations of such 
contaminants (Ehrhardt and Rehm, 1985; Choi et al., 2008). 
The benefits of operating fixed-bed BAC reactors (or BAC filters) in drinking 
water treatment have been recognized for a few decades, and fixed-bed BAC reactors 
have been studied extensively (Rittmann and Snoeyink, 1984).  In the past, BAC filters, 
usually following a pre-ozonation step, have been studied for their potential to remove 
contaminants that cannot be efficiently removed in conventional processes (Servais et al., 
1987).  Such contaminants include taste/odor/color causing compounds (Nerenberg et al., 
2000; Rittmann et al., 2002; Elhadi et al., 2004), biodegradable dissolved organic carbon 
(BDOC) (Kim et al., 1997; Nishijima and Speitel, 2004), and inorganic contaminants, 
such as ammonia (Andersson et al., 2001), nitrate (Kapoor and Viraraghavan, 1997), 
bromate (Kirisits et al., 2001), and metals (Knoppert et al., 1980). 
The performance of fixed-bed bioreactors can be affected, among other 
parameters, by temperature (Moll et al., 1999; Andersson et al., 2001), temporary 
shutdown (Niquette et al., 1998), and backwash (Liu et al., 2001; Tranckner et al., 2008).  
In the study by Andersson and co-workers, ammonia removal reached up to 90% when 
4 
the water temperature varied from 4 to 10°C, whereas less than 30% of ammonia was 
removed when the water temperature was below 4°C.  Regular backwashing is necessary 
for the continuous operation of fixed-bed bioreactors, and the operating procedure for 
backwashing affects reactor performance (Hozalski and Bouwer, 1998).  For example, if 
backwash water contains chlorine, when other operating parameters are not optimal, the 
reactor performance will be impaired (Liu et al., 2001).  In addition, backwash intensity 
and frequency can also affect reactor performance as well as the microbial communities 
involved (Choi et al., 2007).  Choi and coworkers performed a preliminary study on this 
topic, and further investigation is needed. 
So far, most bench- and pilot-scale studies on biological drinking water treatment 
have only focused on removing the contaminants of interest, but neglected other 
characteristics of effluent quality that might have been affected by the biological 
treatment processes.  For example, studies on biological drinking water treatment rarely 
discuss microbial characteristics of reactor effluents or develop approaches to control 
possible microbial contamination.  In fact, microbes from biological treatment processes 
can end up in reactor effluents and cause microbial contamination of finished water, 
which is a concern that needs to be addressed.  Another example is the lack of 
investigation on optimization of electron donor addition to biological treatment systems.  
External electron donor is required for many biological drinking water treatment 
processes.  An optimized electron donor addition strategy should meet the need to 
promote biological activity in bioreactors and at the same time minimize electron donor 
residual in reactor effluents.  These biological and chemical characteristics of effluent 
quality are critical in evaluating biological drinking water treatment.  Brown recognized 
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the need for more characterizations of reactor effluents and initiated a study to develop 
post-treatments for a BAC reactor for perchlorate removal (Brown, 2002).  The impact of 
BAC systems on the overall quality of finished drinking water deserves further study. 
 
1.2 Perchlorate Reducing Bacteria 
Perchlorate reducing bacteria (PRB) can utilize perchlorate as an electron acceptor and 
reduce it to chlorate using perchlorate reductase (Kengen et al., 1999).  Then, PRB can 
further reduce chlorate to chlorite using (per)chlorate reductase.  In the last step, chlorite 
is converted to chloride and molecular oxygen by chlorite dismutase (van Ginkel et al., 
1996).  This pathway allows engineered systems containing PRB to remove perchlorate 
from water and convert perchlorate to non-toxic chloride. 
PRB that have been isolated so far are phylogenetically diverse and consist of 
members within the Alpha-, Beta-, and Epsilonproteobacteria (Wallace et al., 1996; 
Achenbach et al., 2001; Coates and Achenbach, 2004).  Among the identified PRB, three 
PRB genera Dechloromonas, Dechlorosoma, and Dechlorospirillum have been detected 
repeatedly in natural and engineered systems (Coates et al., 1999; Waller et al., 2004; 
Nozawa-Inoue et al., 2005; Zhang et al., 2005; Bardiya and Bae, 2008; Choi et al., 2008).  
It needs to be mentioned that the type strain of the genus Dechlorosoma, D. suillum, had 
been identified as a later subjective synonym of Azospira oryzae (Tan and Reinhold-
Hurek, 2003).  Therefore, previous Dechlorosoma spp. have been reclassified under the 
genus Azospira, even though the genus name Dechlorosoma was used extensively in 
earlier literature. 
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PRB are not only phylogenetically diverse, but also functionally diverse.  In 
addition to perchlorate, most PRB can use oxygen and nitrate as electron acceptors with 
the preferred order of oxygen, nitrate, and perchlorate (Coates and Achenbach, 2004).  
The presence of multiple electron acceptors in solution affects biological perchlorate 
reduction by pure cultures in different ways.  For example, the species Dechlorosoma 
suillum did not reduce perchlorate until nitrate was completely removed in a medium 
containing equal moles of the two electron acceptors (Chaudhuri et al., 2002).  In contrast, 
Dechloromonas agitata could not use nitrate as a sole electron acceptor (Bruce et al., 
1999), but could simultaneously conduct complete perchlorate reduction and partial 
denitrification from nitrate to nitrite (Chaudhuri et al., 2002), presumably because nitrate 
can be co-reduced by (per)chlorate reductase (Coates and Achenbach, 2006).  Different 
from the case of D. agitata, separately induced pathways for chlorate and nitrate 
reduction were discovered in the strain Dechlorosoma sp. KJ (Xu et al., 2004).  In 
addition to the genera Dechloromonas and Dechlorosoma, other PRB species were also 
studied.  Citrobacter spp. preferred perchlorate as an electron acceptor over nitrate 
(Bardiya and Bae, 2004).  Strain GR-1 grown on perchlorate could not reduce nitrate 
(Rikken et al., 1996); however, perchlorate reductase purified from this strain had a 
higher activity in reducing nitrate than reducing perchlorate (Kengen et al., 1999), which 
left questionable whether GR-1 contained a separate nitrate reductase when grown on 
nitrate.  Pseudomonas chloritidismutans could use chlorate and oxygen as electron 
acceptors, but not nitrate, perchlorate, or bromate (Wolterink et al., 2002).  Interestingly, 
although P. chloritidismutans did not grow on bromate, its cytoplasmic chlorate 
reductase could reduce bromate (Wolterink et al., 2003). 
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PRB species have also been studied for their maximum specific growth rates, 
which can vary significantly from species to species.  For example, with acetate as the 
sole electron donor, Dechlorosoma sp. KJ exhibited an increasing maximum specific 
growth rates in the order of perchlorate < chlorate ≈ oxygen (i.e., 0.14, 0.26 and 0.27 h-1) 
for the three electron acceptors.  The order for Dechloromonas sp. PDX was perchlorate 
= chlorate < oxygen (i.e., 0.21, 0.21 and 0.28 h-1) (Logan et al., 2001).  In contrast, when 
acetate was again used as the sole electron donor, the Dechloromonas isolates from a 
contaminated site had much lower maximum specific growth rates for perchlorate (i.e., 
0.067 and 0.085 h-1) than the corresponding values reported by Logan and co-workers 
(Waller et al., 2004). 
Most of the studies on PRB were conducted on pure cultures.  In natural or 
engineered systems, however, PRB co-exist with other microbial species and form 
microbial communities in these environments.  The environments interact with the 
microbial communities, and therefore have a profound impact on the microbial 
populations in the communities.  In engineered systems, it is of critical importance to 
correlate system operating conditions (i.e., environments), the biomass in the systems 
(i.e., microbial communities), and system performance. 
 
1.3 Microbial Communities in Engineered Systems 
To maximize the beneficial effects of microbial communities in engineered systems, it is 
important to study the structure and function of these microbial communities (Briones 
and Raskin, 2003; Curtis et al., 2003; Curtis and Sloan, 2004; Rittmann et al., 2006).  
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Microbial community structures have been commonly studied using molecular 
techniques targeting 16S ribosomal RNA (rRNA) or 16S rRNA genes (Amann et al., 
1995).  These 16S rRNA based techniques have been used to identify, quantify, and 
visualise specific microbial populations in complex microbial communities (Theron and 
Cloete, 2000).  Among a suite of molecular techniques, we selected to construct clone 
libraries to allow 16S rRNA gene sequence analyses for identification of the microbial 
populations in our systems (Suzuki et al., 1997), and performed quantitative real time 
polymerase chain reaction (PCR) to study the dynamics of selected populations during 
reactor operation (Lie and Petropoulos, 1998).  Microbial community functions can be 
assessed using various strategies.  The potential functions of a microbial community can 
be assessed by targeting the genes that encode the enzymes involved in the functions.  
For example, PCR based techniques have been developed to target chlorite dismutase and 
perchlorate reductase genes (Bender et al., 2004; Nozawa-Inoue et al., 2008), both 
encoding key enzymes in biological perchlorate removal.  In engineered systems, the 
functions of microbial communities can also be described using reactor performance data, 
such as COD removal (Fernandez et al., 1999), nitrate removal (Krauter et al., 2005), 
accumulation of volatile fatty acids (Hashsham et al., 2000), and specific gas production 
in anaerobic digesters (McMahon et al., 2001). 
Microbial community studies have been applied to a number of systems that were 
capable of biological perchlorate reduction, such as fixed bed biofilm reactors (Zhang et 
al., 2005), membrane biofilm reactors (Nerenberg et al., 2008), a bioreactor containing 
indigenous wetland sediment (Krauter et al., 2005), and perchlorate-contaminated soils 
(Waller et al., 2004; Nozawa-Inoue et al., 2005).  Among these studies, two provided 
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some quantitative information about PRB populations.  Zhang et al. employed 
fluorescence in situ hybridization (FISH) and observed that Dechloromonas spp. 
primarily resided at the surface of the biofilm in their fixed-bed bioreactor, while 
Dechlorosoma spp. resided at the bottom of the biofilm.  Nerenberg et al., who provided 
hydrogen as the sole electron donor to membrane biofilm reactors, observed that the 
relative abundance of Dechloromonas spp. increased with the influent perchlorate 
concentrations.  Since only few studies have quantitatively linked microbial community 
structure to function in systems designed for biological perchlorate removal, additional 
work is needed to fill this gap. 
 
1.4 Objectives  
The objectives of this study are (i) to optimize biofilm reactor operation using knowledge 
obtained from microbial community characterization and (ii) to study the potential of 
fixed-bed biofilm reactors to produce high quality drinking water from water sources 
contaminated with perchlorate and nitrate.  The work associated with the first objective 
should be of interest to biological process engineers who want to gain better control of 
their engineered systems (Curtis et al., 2003).  The outcome of the research performed in 
the context of the second objective will benefit the development and evaluation of 
biological drinking water treatment technologies for perchlorate and nitrate removal 
specifically, but also will benefit the field of biological drinking water treatment in 
general (Brown, 2007). 
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To achieve the first objective, the correlation among reactor operation, microbial 
community, and reactor performance needs to be elucidated.  Microbial community 
characterization should be used to not only explain the performance of bioreactors but 
also to guide the operation of the biological units.  As illustrated in Figure 1.1, reactor 
operation determines reactor performance by influencing the structure and function of the 
microbial community involved (dark solid arrows).  In other words, microbial 
communities inside bioreactors respond to changes in reactor operation, and consequently 
the microbial responses determine the reactor performance.  Without understanding the 
correlation, when reactor performance deteriorates, changes in reactor operation are 
usually made based on a trial and error approach (light dashed arrow).  With the 
knowledge obtained from microbial community characterization, reactor operation can be 
adjusted consistent with this knowledge (light solid arrow). 
For the second objective, overall water quality, including not only the 
concentrations of nitrate and perchlorate, but also the concentrations of other chemical 
and microbial components in reactor effluents, needs to be evaluated.  The drinking water 
industry needs to adhere to strict regulations.  Therefore, in order to evaluate if biological 
treatment processes can be an effective and reliable approach for drinking water 
treatment, overall treatment performance, focusing on both target contaminants and 
possible side effects from biological treatment, needs to be considered and studied. 
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1.5 Research Strategies 
First, a quantitative hybridization assay to monitor PRB populations in microbial 
communities was developed.  The hybridization assay was designed to target the 16S 
rRNA of PRB populations, because the level of 16S rRNA can reflect the abundance of 
the active portion of the populations.  Different from commonly used hybridization 
techniques for 16S rRNA quantification, such as FISH and membrane hybridization, the 
new method was a solution-based hybridization assay.  To develop this assay, peptide 
nucleic acid molecular beacon probes were designed and characterized for two 
perchlorate reducing bacterial genera. 
Second, fixed-bed biofilm reactors were built to remove perchlorate and nitrate 
from drinking water.  For these bioreactors, backwash and nutrient addition were selected 
as the operating conditions to study the correlation among reactor operation, microbial 
community, and reactor performance.  The microbial communities involved were 
characterized using the newly developed solution-based hybridization assay and other 
molecular techniques. 
Third, the overall quality of bioreactor effluents was analyzed with respect to 
nitrate and perchlorate as well as other chemical and microbial characteristics.  Efforts 
were made to minimize electron donor residual and control potential microbial 
contamination in reactor effluents. 
This dissertation consists of six chapters.  Chapter 1 provides a general 
introduction to the work, presents the objectives, and lists the research strategies that 
were applied to achieve the objectives.  Chapters 2 – 5 are written as stand-alone-studies 
for publication as peer-reviewed journal papers.  In addition to the introduction in 
12 
Chapter 1, each of these chapters provides an introduction with literature review relevant 
to the topics covered in the respective chapters.  Chapter 2 presents the development and 
evaluation of the solution-based hybridization assay using peptide nucleic acid molecular 
beacon probes.  Chapter 3 describes the effects of backwash frequency and intensity on 
reactor performance as well as on microbial community structures of a bench-scale fixed-
bed biofilm reactor.  Chapter 4 discusses the effects of nutrient addition on reactor 
performance and microbial community structures of two fixed-bed BAC reactors, one 
bench- and one pilot-scale reactor.  Chapter 5 presents efforts made to minimize electron 
donor residual in reactor effluents and to control microbial contamination by disinfecting 
reactor effluents.  Overall conclusions and future research are presented in Chapter 6.  










Figure 1.1.  Correlation among reactor operation, microbial community, and reactor 
performance.  Reactor operation determines reactor performance by impacting the 
structure and function of the microbial community inside a bioreactor (dark solid arrows).  
Without microbial knowledge, when reactor performance drops, adjustment in reactor 
operation will be made using a trial and error approach (light dashed arrow).  With 
knowledge on microbial communities, more accurate guidance can be provided for 
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2. Chapter 2 
 
 
Quantitative rRNA-Targeted Solution-Based Hybridization 
Assay Using Peptide Nucleic Acid Molecular Beacons 
2.1. Introduction 
Accurate quantification of specific populations in complex microbial communities is 
important in many areas of microbiology.  Today, real-time PCR based techniques are 
often used for this purpose (Suzuki et al., 2000).  Other PCR based techniques, such as 
denaturing gradient gel electrophoresis (Muyzer, 1999) and terminal restriction fragment 
length polymorphism (Marsh, 1999), have also been used to study microbial population 
dynamics, but they are less suitable as quantitative techniques (von Wintzingerode et al., 
1997).  Oligonucleotide probe based microbial quantification methods that do not rely on 
PCR usually target the small-subunit rRNA, and include quantitative membrane 
hybridization, quantitative fluorescence in situ hybridization (FISH), and phylogenetic 
microarrays.  While membrane hybridization has been used successfully to study 
microbial population dynamics in a variety of complex microbial systems (Raskin et al., 
1994; Zheng et al., 2006), this technique is time consuming and labor intensive.  
Quantitative FISH also has been used effectively to quantify microbial populations 
(Pernthaler et al., 2003; Zhou et al., 2007).  However, in some applications, traditional 
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FISH methods do not provide satisfactory quantitative results, because of poor cell 
permeability for oligonucleotide probes (Carr et al., 2005), low accessibility of target 
sites in rRNA (Fuchs et al., 1998), or poor sensitivity when the cellular rRNA content is 
low (Hahn et al., 1992).  Microarray techniques have the potential to quantify rRNA 
extracted from environmental samples (El Fantroussi et al., 2003), but reproducibility and 
specificity issues have not been addressed satisfactorily (Small et al., 2001; Pozhitkov et 
al., 2007). 
Peptide nucleic acid (PNA) oligomer probes were studied for their hybridization 
properties for the first time about 15 years ago (Egholm et al., 1993).  PNA differs from 
DNA in that it contains an electro-neutral polypeptide backbone, while DNA includes a 
negatively charged sugar-phosphate backbone (Nielsen et al., 1994).  The neutral 
backbone results in hybridization characteristics unique to PNA probes.  For example, 
compared with traditional DNA probes, PNA probes bind stronger to target nucleic acids 
(Egholm et al., 1993) and are less dependent on the salt concentration used when 
hybridized to target DNA oligonucleotides (Kuhn et al., 2002).  Furthermore, their 
hybridization kinetics are less affected by the secondary structure of target nucleic acids 
(Armitage, 2003).  These characteristics have allowed successful applications of PNA 
probes in various fields of microbiology (Worden et al., 2000; Oliveira et al., 2002; 
Chandler and Jarrell, 2003; Brehm-Stecher et al., 2005).   
Apart from PNA-conferred improvements in probe composition, novel probe 
chemistries have also been devised for both DNA- and PNA-based probes.  These include 
molecular beacons (MBs) (Tyagi and Kramer, 1996; Xi et al., 2003), adjacent 
fluorescence resonance energy transfer (FRET) probes (Cardullo et al., 1988; Tsuji et al., 
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2000), light-up probes (Svanvik et al., 2000; Privat et al., 2001), and quenched 
autoligation (QUAL) probes (Sando and Kool, 2002a; 2002b).  The first DNA MB 
probes were developed by Tyagi and Kramer (Tyagi and Kramer, 1996).  A DNA MB 
contains a probe sequence complementary to the target region of nucleic acids and a stem 
structure consisting of a few nucleotides complementary to each other allowing the DNA 
MB to form a stem-loop structure.  A fluorophore is attached to one end of the DNA MB, 
while a quencher is bound to the other end.  When no target nucleic acid is present, DNA 
MBs remain in their stem-loop configuration and the proximity of the quencher to the 
fluorophore results in limited or no fluorescence.  When DNA MB probes bind to target 
nucleic acids, the stem-loop structure opens, resulting in an increase in the distance 
between fluorophore and quencher, and fluorescence can be detected.  Thus, DNA MB 
probes only fluoresce upon hybridization to target nucleic acids, allowing a solution-
based hybridization format (Tyagi and Kramer, 1996).  Hybridizations with DNA MBs 
exhibit several other advantages, such as low background signal (Marras et al., 2006), 
high specificity (Bonnet et al., 1999), and high sensitivity (Vet et al., 1999).  Because of 
these characteristics, DNA MB probes have shown to be advantageous in applications in 
real-time PCR (Vet et al., 1999; Petersen et al., 2004), visualization of mRNA in living 
cells (Bratu et al., 2003), and detection of nucleic acids in array techniques (Yao and Tan, 
2004; Bockisch et al., 2005), but have been less successful in quantifying rRNA in 
solution-based hybridizations (Xi et al., 2003). 
PNA MB probes were developed to make use of the advantages of both PNA 
probes and the structure of MBs (Ortiz et al., 1998; Seitz, 2000).  Different from DNA 
MBs, which contain a stem-loop structure, PNA MBs consist of only a loop structure.  
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The stemless loop structure of PNA MBs simplifies probe design.  PNA MBs are 
hydrophobic, and therefore, tend to fold to minimize surface area in aqueous solution 
(Seitz, 2000).  In addition, the electrostatic interaction between two oppositely charged 
amino acids at each end may help bring the fluorophore and quencher in close proximity.  
So far, most of the studies on PNA MBs have focused on the hybridization of PNA MBs 
to DNA oligonucleotides (Kuhn et al., 2001; Kuhn et al., 2002) or PCR products 
(Petersen et al., 2004), except for a few studies in which 16S rRNA was used as targets in 
PNA MB hybridization (Coull et al., 2001; Xi et al., 2003; Xi et al., 2005).  Even though 
PNA MBs are considerably more expensive than DNA MBs and are only available from 
one authorized vendor (Panagene, Daejeon, Korea), the use of PNA MBs in solution-
based rRNA-targeted hybridizations showed much promise in a previous study (Xi et al., 
2003).  However, more work to evaluate reaction kinetics and hybridization specificity is 
needed before this technique can be used as a quantitative tool with environmental 
samples. 
The present study addresses how probe sequence and hybridization conditions 
affect the kinetics of hybridization of PNA MBs to 16S rRNA, how well PNA MBs can 
differentiate target and non-target 16S rRNA, and affirms the potential of PNA MB 
hybridization as a quantitative assay in environmental studies. 
 
2.2. Materials and Methods 
2.2.1 PNA MBs 
PNA MBs were designed in this study to target 16S rRNA of bacterial species within the 
genera Dechloromonas (S-G-Dmonas-0121-a-A-18, hereafter referred to as PNA MB 
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Dmonas0121) and Dechlorosoma (S-G-Dsoma-0848-a-A-17, hereafter referred to as 
PNA MB Dsoma0848).  Note that the type strain of the genus Dechlorosoma, 
Dechlorosoma suillum DSM 13638T, is almost identical to the type strain of the genus 
Azospira, Azospira oryzae 6a3T, indicating that D. suillum is a later subjective synonym 
of A. oryzae (Tan and Reinhold-Hurek, 2003).  The two PNA MBs both contain the 
fluorophore tetramethylrhodamine (TAMRA) and the quencher DABCYL [4-(4-
dimethylaminophenylazo)-benzoic acid].  The specificity, coverage, and sequences of the 
two PNA MBs are provided in Table 2.1.  Sequences of the target sites in the 16S RNAs 
of target and non-target species used in this study are presented in Table 2.2.  A third 
PNA MB was designed to target the bacterial domain (S-D-Bact-0338-a-A-18, hereafter 
referred to as Bact0338) (Xi et al., 2003).  All three PNA MBs were synthesized by 
Applied Biosystems (Foster City, CA) at the time.  Upon receipt, PNA MBs were 
suspended in distilled deionized water (ddH2O) at a concentration of 50 μM, and stored in 
polypropylene vials at -80°C in the dark.  These stock solutions were heated to 50°C for 
10 min to ensure homogeneous solutions prior to preparing 10 fold dilutions to serve as 
working stocks.  Working stocks were stored at -20°C in the dark. 
 
2.2.2 RNA Extractions 
Bacterial cultures Dechloromonas agitata and D. suillum were purchased from the 
Deutsche Sammlung von Mikroorganismen und Zellkulturen GmbH (DSMZ; DSM 
13637 and 13638, respectively), and Methylophilus methylotrophus and Marinospirillum 
minutulum were purchased from the American Type Culture Collection (ATCC; ATCC 
53528 and 19193, respectively).  Each of the four cultures was grown for 42 h in 10 mL 
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of its recommended growth medium, then 200 μL of each culture was transferred to 200 
mL of the growth medium.  To reach their mid exponential growth phase, D. agitata and 
D. suillum were grown aerobically at 30°C in DSMZ medium #1 for 14 and 18 h, 
respectively, M. methylotrophus was grown aerobically at 30°C in ATCC medium #1545 
for 78 h, and M. minutulum was grown aerobically at 26°C in ATCC marine broth 2216 
for 56 h.  The environmental sample used in the spike-in experiment was collected from a 
laboratory-scale anaerobic bioreactor (Zheng et al., 2006).  The environmental samples 
used to compare PNA MB hybridization results with clone library results were collected 
from a laboratory-scale biologically active carbon (BAC) reactor (Li et al.). 
Total RNA was extracted from centrifuged cell pellets using a phenol-chloroform-
isoamyl alcohol extraction procedure (Stahl et al., 1988), and the RNA was resuspended 
in ddH2O and stored at -80°C.  The concentrations of nucleic acids in the RNA extracts 
were measured spectrophotometrically using a NanoDrop ND1000 (NanoDrop 
Technologies, Wilmington, DE) at a wavelength of 260 nm.  Furthermore, the quality of 
the RNA extracts was evaluated using polyacrylamide gel electrophoresis (JULE 
Biotechnologies Inc., Milford, CT) and images of the gels were analyzed using a Kodak 
Molecular Imaging Software (version 4.0.3K1, Rochester, NY).  The concentration of the 
16S rRNA in each extract was calculated as the product of the total nucleic acid 
concentration estimated spectrophotometrically and the mass ratio of 16S rRNA to total 
nucleic acid obtained from the gel image analyses.   
 
2.2.3 Hybridizations 
The hybridization buffer composition and hybridization condition for PNA MB Bact0338 
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were adopted from the study by Xi et al. (Xi et al., 2003).  The hybridization buffer used 
for PNA MBs Dmonas0121 and Dsoma0848 was modified from the same study and 
contained 25 mM Tris-HCl and 10 mM NaCl, except for specific experiments as 
described below.  In the experiments testing various salt concentrations, hybridization 
buffers contained NaCl with final concentrations ranging from 0 to 500 mM.  In the 
experiments using formamide for stringency control, hybridization buffers contained 
formamide ranging from 0 to 90% (v/v).  In the experiments for which environmental 
samples were used, hybridization conditions were adopted from the characterization 
experiments in this study or the study by Xi and coworkers (Xi et al., 2003).  Detailed 
hybridization conditions for all experiments are summarized in Table 2.3. 
Experiments to study the non-specific opening of PNA MB (i.e., response of PNA 
MB in the absence of rRNA), hybridization kinetics of PNA MB, and effects of 
formamide on hybridization stringency were performed in Costar standard 96-well 
microplates with black walls and clear bottoms (Corning 3651, Corning Incorporated, 
Corning, NY).  Fluorescence signals in these experiments were measured using a Bio-
Tek Synergy HT multi-detection microplate reader (Winooski, VT) and expressed in 
relative fluorescence units (RFUs).  Experiments to determine optimal hybridization 
temperatures (melting curve experiments), detection limit, and experiments with 
environmental samples were conducted in an Eppendorf ThermoStat Plus (Hamburg, 
Germany) for temperature control.  Fluorescence signals in these experiments were 
measured using a NanoDrop ND3300 (NanoDrop Technologies, Wilmington, DE) and 
expressed in RFUs. 
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2.2.4 Data Analysis 
Net RFUs for hybridization of PNA to 16S rRNA were calculated as the differences 
between the RFUs obtained with samples containing only PNA MB and RFUs from 
mixtures containing also 16S rRNA. 
A pseudo-first-order model was used to fit the kinetic curves (Podell et al., 1991) 
for the formation of hybrids (PR) between PNA MB probes (P) and target 16S rRNA (R).  






u=−=        (1) 
where t is time, [R] is the concentration of target 16S rRNA in solution, [PR] is the 
concentration of hybrids, and ku is the pseudo-first-order rate constant.  This model 
assumes that the concentration of PNA MBs remains constant during hybridization.  The 
assumption was satisfied by providing PNA MBs in 20-fold excess of 16S rRNA (Table 
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where, [R]t and [R]0 are the 16S rRNA concentrations at time t and time zero, 




















        (4) 
where [PR]t and [PR]∞ are the hybrid concentrations at time t and at time infinity, 
respectively.  The value of tPR][  was measured in units of RFU.  The values of ∞][PR  
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and uk  were simulated using the curve-fitting function in the software Kaleidagraph 
(Synergy Software, Reading, PA).  The two parameters, ∞][PR  and uk , provided 
information on the final hybridization signal and the apparent rate constant, respectively.  
The values of the apparent rate constants were subject to statistical analyses in Microsoft 
Excel using 2-way analyses of variance (2-way ANOVA) with 16S rRNA sequence as 
one independent variable and NaCl concentration as the other independent variable.  In 
this study, the units for the pseudo-first-order apparent rate constant are RFU×min-1×M-1.  
If RFU is converted to molarity, the units simplify to min-1. 
 
2.2.5 Detection Limit 
The detection limit of the PNA MB hybridization assay was determined using a standard 
procedure (EPA, 1999) with seven replicates for each 16S rRNA concentration included 
in the experiment (Table 2.3).  In brief, measurement results from seven replicates were 
calculated for standard deviation (s), a critical t-value was obtained using a degree of 
freedom of 6 and a confidence level of 99% (t6, 0.99), and method detection limit (MDL) 
was calculated as  
stMDL ×= 99.0,6          (5) 
 
2.3. Results 
2.3.1 Response of PNA MB in the Absence of rRNA 
Before optimizing the stringency of hybridization between PNA MB and 16S rRNA by 
varying hybridization temperatures and formamide concentrations in hybridization 
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buffers, the response of PNA MB to these two approaches in the absence of target or non-
target nucleic acid was evaluated.  The PNA MB Dsoma0848 exhibited substantial 
fluorescence without binding to target nucleic acids at high temperatures (>40°C for 50% 
formamide and >50°C for 30% formamide) and at all temperatures in 70% formamide 
(Figure 2.1).  The fluorescence signals are due to the opening of the loop structure of the 
PNA MB, a process referred to as non-specific opening of PNA MB hereafter. 
The effect of formamide on the non-specific opening of PNA MB is more 
substantial than that of temperature (Figure 2.1).  For example, a formamide 
concentration of 70% resulted in higher fluorescence signals at low temperatures than a 
formamide concentration of 30% at high temperatures.  In addition, an increase in 
temperature did not promote further non-specific opening of PNA MB in the presence of 
70% formamide.  Because of the different patterns of fluorescence signals associated 
with the non-specific opening of PNA MB, this non-specific opening was monitored for 
all experiments in this study by including a control containing only PNA MB for each 
hybridization condition.  The fluorescence signals due to the non-specific opening of 
PNA MB were subtracted from the fluorescence signals of samples containing 16S rRNA, 
and the resulting values are reported as net fluorescence signals using net relative 
fluorescence units (net RFUs).  
 
2.3.2 Hybridization Kinetics 
2.3.2.1. Kinetics of hybridization to target and non-target 16S rRNA 
Prior to the determination of optimal hybridization conditions, the kinetic properties of 
hybridizations of PNA MB were studied with various 16S rRNA sequences and in 
 31
hybridization buffers of various NaCl concentrations.  Five hundred fmol (1 fmol equals 
10-15 mole) of one target 16S rRNA (D. suillum) and two non-target 16S rRNAs (M. 
minutulum and M. methylotrophus) were used in each hybridization reaction with 10,000 
fmol of PNA MB Dsoma0848 (Table 2.3).  This 20-fold excess of PNA MB to target and 
non-target 16S rRNA resulted in hybridization reactions that exhibited pseudo-first-order 
kinetics, as indicated in Figure 2.2 with good agreement between the simulation curves 
and the experimental data points.  Hybridization of PNA MB Dsoma0848 to its target 
16S rRNA (D. suillum) resulted in the highest final net fluorescence signals among the 
three hybridizations.  Unexpectedly, the final signal of the hybridization to the 16S rRNA 
with four mismatches (M. methylotrophus) was higher than that from the hybridization to 
the 16S rRNA with one mismatch (M. minutulum).  This phenomenon was also observed 
for some hybridization conditions in other kinetic experiments (Figure 2.3a).  In addition, 
the hybridization of PNA MB Dsoma0848 to non-target 16S rRNAs exhibited faster 
kinetics and reached equilibrium faster than the hybridization to target 16S rRNA (Figure 
2.2). 
 
2.3.2.2. Effects of NaCl Concentration on Hybridization Kinetics 
The effects of monovalent cation concentration (i.e., sodium) on the kinetics of 
hybridization of PNA MB to 16S rRNA were studied by plotting final net fluorescence 
signals and apparent rate constants for various NaCl concentrations (Figure 2.3).  As the 
NaCl concentration increased, final net fluorescence signals dropped substantially in 
hybridizations with both target and non-target 16S rRNA (Figure 2.3a).  The maximum 
difference between the final net fluorescence signals for target and non-targets was 
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obtained at a NaCl concentration of 10 mM (Figure 2.3a).  Therefore, a NaCl 
concentration of 10 mM was chosen for subsequent experiments. 
The apparent rate constants also decreased as the NaCl concentration increased 
(Figure 2.3b).  In addition, the apparent rate constants for the target were lower than those 
of the non-targets at all the NaCl concentrations tested, although this difference was not 
statistically significant.  In the 2-way ANOVA tests, NaCl concentration − an 
independent variable − appeared to have a significant effect on the apparent rate 
constants (p<0.05).  In contrast, 16S rRNA sequence − the other independent variable − 
did not have a significant effect on the apparent rate constant (p=0.24).  The interaction 
between the two independent variables was not significant either (p=0.99).  The slower 
overall kinetics of the hybridization with target rRNA did not allow elimination of signal 
from non-target using a kinetic approach. 
 
2.3.3 Optimization of Hybridization Conditions 
2.3.3.1. Melting Curves 
Melting curves of the hybridizations of PNA MB Dsoma0848 with 16S rRNAs showed 
that at the lowest hybridization temperature of 22°C, target 16S rRNA (D. suillum) 
exhibited a higher net fluorescence signal than non-target 16S rRNAs with one and four 
mismatches (M. minutulum and M. methylotrophus, respectively) (Figure 2.4).  
Consistent with the order of final hybridization signals presented in the kinetic 
experiments (Figure 2.2 and Figure 2.3a), the net fluorescence signal from M. 
methylotrophus (four mismatches) was higher than that from M. minutulum (one 
mismatch) at 22°C and subsequent temperatures evaluated.  As the temperature was 
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increased, the net fluorescence signals of all three melting curves increased slightly, then 
decreased.  Between 64 and 70°C, the three melting curves reached their minimum values.  
At about 68°C, the net fluorescence signal from M. minutulum was zero and the signal 
from M. methylotrophus was low.  Hence, 68°C was selected as the optimal hybridization 
temperature for PNA MB Dsoma0848. 
After reaching minimum values, the net fluorescence signals increased for all 
three melting curves until the end of the experiment (Figure 2.4).  Such a phenomenon 
has not been reported in other studies with PNA MBs.  Since the data in Figure 2.4 were 
reported in units of net RFUs, it is likely that the presence of rRNA molecules – 
regardless of sequence – facilitated the non-specific openings of PNA MBs at high 
temperatures. 
To confirm the optimal hybridization temperature and demonstrate that 
elimination of signals from non-target rRNA can be achieved in mixed cultures at 
optimized hybridization conditions, an artificial mixture containing equal amounts of 16S 
rRNA from target and non-target with one mismatch (D. suillum and M. minutulum, 
respectively) was hybridized with PNA MB Dsoma0848 (Figure 2.5).  At the optimized 
hybridization temperature of 68°C, the net fluorescence signal from non-target 16S rRNA 
with one mismatch was zero.  The net fluorescence signals from the target and the 
artificial mixture were nearly identical, confirming that the non-target 16S rRNA did not 
contribute to signal.  Thus, after optimization of hybridization conditions, PNA MBs can 
be used to quantify target 16S rRNA in samples containing mixtures of rRNA, such as 
environmental samples.  In addition, the fluorescence signal at 68°C in the melting curve 
experiment started at 22°C (Figure 2.4) was similar to the fluorescence signal at 68°C in 
 34
the melting curve experiment started at 60°C (Figure 2.5), which verified that the 2 min 
time period was sufficient for the hybridization to reach equilibrium after each increase in 
temperature (Table 2.3). 
A similar melting curve experiment was conducted for PNA MB Dmonas0121 
with its target 16S rRNA (D. agitata) and non-target 16S rRNAs with two and four 
mismatches (M. methylotrophus and D. suillum, respectively) (Figure 2.6).  Typical 
melting profiles were observed for target and non-target 16S rRNAs.  For the range of 
hybridization temperatures tested, the net fluorescence signals for non-targets were never 
completely eliminated (Figure 2.6), even when formamide was added at 10 and 20% to 
the hybridization buffers (data not shown).  Therefore, hybridizations with PNA MB 
Dmonas0121 may result in substantial false-positive signals, especially for environmental 
samples containing low-abundance target populations.  Hence, the addition of formamide 
to hybridization buffers at a broad range of percentages was evaluated in order to 
minimize signals from non-target rRNA.   
 
2.3.3.2. Stringency Control using Formamide 
The experiment performed to optimize the formamide concentration in the hybridization 
buffer for PNA MB Dmonas0121 resulted in typical sigmoidal shaped curves for both 
target 16S rRNA and non-target 16S rRNA with two mismatches (D. agitata and M. 
methylotrophus, respectively) (Figure 2.7).  However, for formamide concentrations 
above approximately 40%, the net fluorescence signals were negative. 
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2.3.4 Detection Limit 
The detection limit of the hybridization assay using PNA MB Dsoma0848 was 
determined to be approximately 1.6 nM of 16S rRNA at the optimized hybridization 
condition (i.e., hybridization temperature of 68°C with no formamide in the hybridization 
buffer) (data not shown). 
 
2.3.5 Spike-in Experiment 
The hybridization assay using PNA MB Dsoma0848 allowed quantification of target 16S 
rRNA spiked at different concentrations to RNA extracted from an environmental sample.  
The hybridization response of PNA MB Dsoma0848 was linear over the range of 0 to 
30% of relative abundance for the 16S rRNA spiked to the RNA extract from an 
environmental sample and for the corresponding target 16S rRNA alone (i.e., 0 – 43 fmol 
of target 16S rRNA; Figure 2.8).  However, the environmental RNA extracts spiked with 
the different concentrations of target 16S rRNA resulted in higher hybridization signals. 
 
2.3.6 Environmental Samples 
Two PNA MB hybridization assays using Dsoma0848 and Bact0338 were used to 
quantify the 16S rRNA from Dechlorosoma spp. and the total bacterial population in two 
biomass samples collected from a laboratory-scale BAC reactor, which was operated for 
nitrate and perchlorate removal from groundwater.  After normalizing the results from 
Dsoma0848 with the results from Bact0338 (data on individual standard curves not 
shown), it was determined that Dechlorosoma spp. accounted for 10.5 and 36.4% of the 
bacterial community in the two biomass samples.  In comparison, 16S rRNA gene clone 
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libraries indicated the relative abundances of Dechlorosoma spp. were 0.6 and 10.1% in 
these two biomass samples, respectively (Li et al.). 
 
2.4. Discussion 
In order to evaluate PNA MB hybridization as a tool to quantify specific 16S rRNA in 
environmental samples, hybridization kinetics and hybridization specificity were studied.  
Non-specific opening of PNA MBs was observed at stringent hybridization conditions, 
making it necessary to include a control containing only PNA MB in each experiment.  
Despite the increase in net fluorescence signal at high temperatures in melting curves, 
hybridizations at optimal temperatures can eliminate false-positive signals from non-
target rRNAs, differing in only one base from target rRNA (Figure 2.4 and Figure 2.5). 
The kinetics of hybridization reactions depend on both forward and reverse 
reactions (i.e., association and dissociation processes).  Solid surface hybridizations with 
linear DNA and PNA probes have been used to study association and dissociation rates.  
For example, using immobilized linear DNA oligonucleotide probes, Livshits and 
Mirzabekov demonstrated that the association rate constant was the same for target and 
non-target DNA (Livshits and Mirzabekov, 1996), and Dai et al. showed that non-targets 
exhibited higher dissociation rate constants than targets, which resulted in faster overall 
kinetics for non-target (Dai et al., 2002).  In contrast, immobilized linear PNA probes 
generally exhibited higher association rate constants and lower dissociation rate constants 
for targets than for non-targets (Jensen et al., 1997).  Unlike solid surface hybridizations, 
the solution-based hybridizations in this study do not allow separate analyses of 
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association and dissociation processes.  Based on conclusions presented by Jensen and 
coworkers (Jensen et al., 1997), we suggest that the lower apparent rate constants in the 
hybridizations with target 16S rRNA (Figure 2.2 and Figure 2.3b) were the result of 
lower dissociation rate constants for target 16S rRNA. 
The lower apparent rate constants for the hybridization of PNA MB with target 
16S rRNAs demonstrated it was not feasible to use a kinetic approach to eliminate false-
positive fluorescence signals due to non-specific hybridization.  Therefore, other 
approaches, such as optimizing hybridization temperature and formamide concentration 
in the hybridization buffer, were used to control hybridization specificity for the PNA 
MBs Dmonas0121 and Dsoma0848.  Before these approaches were tested, the salt 
concentration in the hybridization buffer was optimized. 
Because 16S rRNAs were used as target molecules, the NaCl concentration in the 
hybridization buffer affected not only the hybridization between PNA MB Dsoma0848 
and target molecules, but also the secondary structures of the rRNA molecules.  High salt 
concentrations (i.e., high ionic strength) in hybridization buffers favor the formation of 
RNA secondary structure and make the target sites in rRNA less accessible (Tinoco and 
Bustamante, 1999).  A study on hybridizations between linear PNA probes and double-
stranded DNA (ds DNA) oligonucleotide targets revealed that the initial association rates 
dropped as the NaCl concentrations increased from 20 to 50 mM (Kuhn et al., 1998).  
Unlike ds DNA oligonucleotides, 16S rRNAs exhibit higher-order structure, thus it was 
important to compare hybridization results for different NaCl concentrations. 
It should be noted that the hybridization condition used in the kinetic experiments 
did not correspond to the optimized hybridization condition.  As indicated above, the 
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objectives of these experiments were to compare the kinetics of hybridizations of PNA 
MB to target and to non-target 16S rRNAs, evaluate the effects of NaCl concentrations 
on PNA MB hybridization kinetics, and choose a NaCl concentration for experiments 
thereafter.  Previous studies have evaluated the kinetics of hybridizations of PNA MB 
and DNA MB to target and non-target DNA oligonucleotides (Kuhn et al., 2002) and 
target 16S rRNA (Xi et al., 2003).  To our knowledge, this is the first study evaluating the 
effects of rRNA sequence and hybridization buffers on the kinetics of hybridizations of 
PNA MB to 16S rRNA. 
The hybridization optimization experiments, with varying hybridization 
temperatures and formamide concentrations in hybridization buffers, indicated the two 
PNA MB probes designed in this study required different optimization strategies (Figure 
2.4 - Figure 2.7).  A third PNA MB, Bact0338, previously designed and characterized by 
Xi and coworkers (Xi et al., 2003), was also included in our study.  Xi et al. defined the 
optimal formamide concentration as the condition that maximized the difference between 
the fluorescence signal of a hybridization reaction and the fluorescence signal of the 
control reaction only containing PNA MB.  They demonstrated that hybridization at the 
optimized condition allowed differentiation of target and non-target 16S rRNAs when 
their abundances were comparable.  However, unpublished data from our study showed 
that the optimal hybridization condition defined in that study (Xi et al., 2003) resulted in 
significant false-positive signals when the relative abundance of target 16S rRNA was 
low in an artificial mixture.  Therefore, in the current study, melting curve experiments 
were conducted for PNA MB probe Bact0338 with target and non-target 16S rRNAs to 
determine a condition that minimized signal from non-targets.  Unexpectedly, PNA MB 
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Bact0338 exhibited melting profiles completely different from those shown in Figure 2.4 
and Figure 2.6: the net fluorescence signals from both target and non-target 16S rRNAs 
increased with hybridization temperatures (data not shown).  Thus, we conclude that each 
newly designed PNA MB needs to be carefully characterized and may require different 
stringency control strategies. 
The difference between the two series in Figure 2.8 may be attributed to the 
presence of target 16S rRNA in the environmental sample.  The environmental sample 
was collected from an anaerobic bioreactor, and the genus Dechlorosoma contains 
heterotrophic facultative anaerobic respiring bacteria (Achenbach et al., 2001).  
Alternatively, the difference may be the result of non-specific hybridization and/or non-
specific opening of PNA MB due to binding to environmental substances in the samples.  
This possible non-specific hybridization signal corresponded to about 5% of the total 
signal.  In this experiment, we decided to spike RNA extracted from a pure culture of a 
target strain into RNA extracted from an environmental sample, rather than spiking target 
cells into an environmental sample followed by RNA extraction.  This latter approach 
may overestimate the sensitivity of the method, because target cells grown in rich 
medium likely have higher levels of 16S rRNA than cells in environmental samples 
(Kerkhof and Ward, 1993).  
The relative abundance values of Dechlorosoma spp. determined with the 16S 
rRNA targeted PNA MB hybridization assay and with the 16S rRNA gene targeted clone 
library method were different.  Both methods provided results that could be qualitatively 
linked to the performance of the bioreactor: the increase of Dechlorosoma spp. with time 
was consistent with improved perchlorate removal in the bioreactor.  Although the results 
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obtained with the two methods differed substantially, such differences are not unusual, 
especially when methods subject to PCR biases are involved (Acinas et al., 2005).  It 
should also be noted that the target biomarker for the two methods were different: the 
solution-based hybridization assay targets 16S rRNA, whereas the clone library method 
targets 16S rRNA genes.  Others have shown substantial differences when such 
quantitative results were compared (Gonzalez et al., 2000; Brinkmeyer et al., 2003). 
We observed that PNA MB in the absence of rRNA produced substantial 
fluorescence signals at high temperatures or high formamide concentrations (Figure 2.1).  
Bonnet et al. proposed a three-conformational model for DNA MB probes (Bonnet et al., 
1999).  The authors demonstrated that there were three conformations of structured DNA 
MB: DNA MBs hybridized to RNA molecules, free DNA MBs that do not contribute to 
fluorescence signals, and randomly coiled free DNA MBs that fluoresce.  According to 
Bonnet et al., the third conformation usually occurs at high temperatures when hybrids 
between probe and target nucleic acid have melted and the stem structure of DNA MB is 
broken.  In the current study, although the structure of PNA MBs is different from that of 
DNA MBs, it is reasonable to speculate that the majority of PNA MBs are present in a 
coiled free form at high temperatures.  The observed increases in net fluorescence signals 
in the presence of target and non-target rRNAs (Figure 2.4 - Figure 2.5) suggest that 
rRNA molecules, independent of sequence, facilitate the formation of the coil free PNA 
MB. 
The negative values in net fluorescence signals (Figure 2.4 - Figure 2.7) may 
result from a quenching effect of nucleic acids on fluorophores.  A study by Wang and 
coworkers suggested a quenching effect on TAMRA, the same dye used in the PNA MBs 
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Dmonas0121 and Dsoma0848, when the dye is in proximity of a guanosine near the 
target site (Wang et al., 2004).  In the current study, the fluorescence signals were 
reported in net fluorescence signals, the difference between the signals from controls 
containing only PNA MB and the signals from corresponding samples also containing 
rRNA molecules.  Because the quenching effect is absent in the controls, the subtraction 
caused negative signals in the net fluorescence signals.  It was noticed that the negative 
net fluorescence signals were more evident in the formamide experiment (Figure 2.7) 
than in the melting curve experiments (Figure 2.4 - Figure 2.6).  This might be related to 
the fact that formamide is more efficient in causing non-specific opening of PNA MB 
than temperature in controls (Figure 2.1).  Future studies should focus on designing new 
PNA MBs that maintain their loop structure even at stringent conditions when target 




2.5. Tables  
Table 2.1. Specificity, coverage, and sequences of the PNA MBs Dmonas0121 and Dsoma08481. 






Specificity3 Coverage4 Sequences 
(N-terminus to C-terminus) 
Dmonas0121 61 58 33/61 33/58 TAMRA-E-AAGGTACGTTCCGATACA-K-K-DABCYL 
Dsoma0848 29 22 20/29 20/22 TAMRA-E-TAGCTGCGGTACTAAAA-K-K-DABCYL 
1 Information on specificity and coverage was obtained through the Ribosomal Database Project II (RDP II) on May 22nd 2006 (Cole et al., 2005). 
2 The number of targets in database is defined as the total number of sequences in RDP database that belong to either Dechloromonas or Dechlorosoma. 
3 Specificity = “Number of target sequences with perfect match to each PNA MB” / “Number of sequences with perfect match to each PNA MB”. 




Table 2.2.  Target sites in the 16S rRNA of target and non-target species included in this study for the PNA MBs Dmonas0121 and 
Dsoma0848. 
Species1 Dmonas01212 (5’-3’) Dsoma08482 (5’-3’) 
Dechloromonas agitata -UGUAUCGGAACGUACCUU-  
Dechlorosoma suillum3 -UACAUCGGAACGUACCCA- -UUUUAGUACCGCAGCUA- 
Methylophilus methylotrophus -UAUAUCGGAACGUGCCUU- -CAUGAGUAACGCAGCUA- 
Marinospirillum minutulum  -UUUUAGUAACGCAGCUA- 
1. The first three species belong to the Betaproteobacteria, and M. minutulum belongs to the Gammaproteobacteria. 
2. The bold underlined nucleotides indicate the mismatches to the PNA MBs presented in Table 2.1. 




Table 2.3.  Summary of hybridization conditions for various experiments1. 
 Non-specific 






(including pure cultures 












No RNA added 500 7.5 2, 3 400 0, 4.5, 6, and 7.5 
(D. suillum) 
(100 + n) and n 6 250  
 














Sample Vol (μL) 220 220 1.5 250 1.5 1.5 1.5 
Hybridization 
condition 




at temp from 25 to 





place at a starting temp, 
then the hybridization 
temp increased in a step 
wise manner4. 






68°C 5 for 100 
min. 
68°C 5 for 100 
min. 
68°C 5 for 100 
min.   
Instrument Microplate Microplate NanoDrop Microplate NanoDrop NanoDrop NanoDrop 
1 In nearly all experiments for PNA MBs Dmonas0121 and Dsoma0848, hybridization buffers contained 25 mM Tris-HCl and 10 mM NaCl.  In the experiments 
testing various salt concentrations, the final NaCl concentrations in hybridization buffers varied from 0 to 500 mM.  In the experiments using formamide to 
control hybridization stringency, the hybridization buffers contained 0 – 90% formamide. 
2 0.1% (v/v) diethyl pyrocarbonate (Sigma-Aldrich, St. Louis, MO) was added to minimize RNA degradation in all melting curve experiments. 
3 In the experiments using pure cultures, each 1.5 μL sample contained 7.5 fmol of target or non-target 16S rRNA.  In the experiment with artificial mixtures of 
16S rRNA, each 1.5 μL of the mixture contained 7.5 fmol of target 16S rRNA (D. suillum) and 7.5 fmol of non-target 16S rRNA (M. minutulum). 
4 The melting curve experiments with pure cultures started at 22°C for 100 min, then the temperature was increased with 3°C steps until 91°C.  The melting 
curve experiment with an artificial mixture started at 60°C for 100 min, then the temperature was increased with 2 and 3°C steps until 81°C.  In both experiments, 
fluorescence signals were measured 2 min after each increase in temperature. 
5 The hybridization temperature 68°C (in 0% formamide hybridization buffer) was determined experimentally, Figure 2.4 and Figure 2.5. 
6 In the first series of rRNA mixtures, 100 fmol aliquots of 16S rRNA from an environmental sample (Zheng et al., 2006) were spiked with n fmol of target 16S 
rRNA from D. suillum resulting in various 16S rRNA percentages equal to n/(100+n) (i.e., 0, 1, 2.5, 5, 10, 20, and 30%).  In the second series, only n fmol of 
target 16S rRNA from D. suillum were used, corresponding to the amounts of 16S rRNA target in the first series. 
7 The Environmental Sample Experiment also involved the use of PNA MB Bact0338.  Hybridization buffer composition and hybridization condition for 





Figure 2.1.  Non-specific opening of PNA MB Dsoma0848 due to the increases in 
hybridization temperature and formamide concentration in hybridization buffers.  No 




Figure 2.2.  A sample plot showing the kinetics of the hybridizations of PNA MB 
Dsoma0848 to target and non-target 16S rRNA in the presence of 10 mM NaCl.  The 
points are experimental data points, and the lines are curve fit based on a pseudo-first-
order reaction model simulated in KaleidaGraph.  The numbers in parentheses indicate 
the number of mismatches between 16S rRNA and PNA MB.  The R2 values of the three 




Figure 2.3  The effects of NaCl concentrations in hybridization buffers on final net 
fluorescence signals (a) and apparent rate constants (b) from hybridizations of PNA MB 
Dsoma0848 to target and non-target 16S rRNA.  Mean values of duplicates are reported 
and the error bars represent the range of the duplicates.  The numbers in parentheses 




Figure 2.4.  Melting profiles of the hybridizations of PNA MB Dsoma0848 with its target 
and non-target 16S rRNAs.  The numbers in parentheses indicate the number of 
mismatches between 16S rRNA and PNA MB.  The experiment was repeated and similar 




Figure 2.5.  Melting profiles of the hybridizations of PNA MB Dsoma0848 with the 16S 
rRNAs of its target, non-target, and an artificial mixture containing equal amounts of 
target and non-target.  The numbers in parentheses indicate the number of mismatches 
between 16S rRNA and PNA MB.  The experiment was repeated and similar profiles 




Figure 2.6.  Melting profiles of the hybridizations of PNA MB Dmonas0121 with its 
target and non-target 16S rRNAs.  The numbers in parentheses indicate the number of 




Figure 2.7.  Effect of formamide concentration at 25°C on the net fluorescence signals 
from the hybridizations of PNA MB Dmonas0121 with its target and non-target 16S 
rRNAs.  Mean values of duplicates are reported and the error bars represent the range of 
the duplicates.  The numbers in parentheses represent the number of mismatch between 




Figure 2.8.  Net fluorescence signals from the hybridizations of PNA MB Dsoma0848 
with a series consisting of various amounts of target 16S rRNA (D. suillum) spiked to 
RNA extracted from an environmental sample and with a series of samples containing 
only target 16S rRNA corresponding to the amounts of 16S rRNA target in the first series.  




Supplemental Figure 2.1.  Melting profiles of the hybridizations of PNA MB Dsoma0848 
with its target and non-target 16S rRNAs.  The numbers in parentheses indicate the 




Supplemental Figure 2.2.  Melting profiles of the hybridization of PNA MB Dsoma0848 
with the 16S rRNA of its target, non-target, and an artificial mixture containing equal 
amounts of target and non-target.  The numbers in parentheses indicate the number of 
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3. Chapter 3 
 
 
Effects of Increases in Backwash Frequency and Intensity on 
Reactor Performance and Microbial Community Structure  
in a Biofilm Reactor 
3.1. Introduction 
Biofilm reactor technology provides a new avenue for drinking water treatment, and has 
demonstrated to be effective in removing a range of contaminants from source waters 
(Urfer et al., 1997; Min et al., 2004; Nerenberg and Rittmann, 2004).  A key component 
in further advancing the technology is to elucidate the correlation among reactor 
operation, reactor performance, and microbial community structure/function (Briones and 
Raskin, 2003; Curtis et al., 2003).  In this study, a fixed-bed biofilm reactor designed to 
remove perchlorate from drinking water was studied to illustrate such correlation.  
Perchlorate is an endocrine disruptor with several adverse health effects (Greer et al., 
2002) and has been detected in many drinking water sources (Urbansky, 2002).  
Perchlorate is on U.S. EPA’s drinking water contaminant candidate list (US-EPA, 2008) 
and is regulated by a number of states in the U.S. (CA-DHS, 2005; US-EPA, 2005; MA-
DEP, 2006) at various levels ranging from 1 to 18 μg/L. 
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In recent years, fixed-bed biofilm reactors have been evaluated for the removal of 
perchlorate from drinking water (Miller and Logan, 2000; Brown et al., 2003; Choi et al., 
2007).  Regular reactor backwashing is necessary to allow continued operation of these 
bioreactors (Hozalski and Bouwer, 1998).  During normal operation, the biofilm support 
medium in fixed-bed reactors remains stationary, as opposed to fluidized bed reactors in 
which the support medium is fluidized.  As water passes through the stationary bed, 
particulates including microbial cell aggregates accumulate in void space and cause 
clogging.  Backwashing, the passing of a flow of water or a mixture of water and air in 
the opposite direction of the regular flow, removes particulate matter and resolves 
bioreactor clogging (Ahmad et al., 1998).  Backwashing removes most loosely attached 
biofilms and a fraction of tightly attached biofilms (Servais et al., 1991), depending on 
the backwash intensity.  Backwashing with high intensity may cause too much biomass 
loss and impair reactor performance (Lahav et al., 2001).  Backwashing with low 
intensity may lead to insufficient removal of clogging, quick pressure buildup during 
operation, and consequently more frequent backwashes.  Backwash frequency is usually 
determined experimentally by monitoring pressure buildup caused by clogging across the 
reactor. 
Recently, the effects of backwash frequency and intensity on reactor performance 
were studied with two fixed-bed biofilm reactors operated to remove perchlorate from 
drinking water (Choi et al., 2007).  In that study, after the backwash frequency was 
increased from monthly to daily, reactor performance first decreased and then recovered.  
In contrast, after the backwash intensity was increased, daily strong backwashes caused 
performance failure.  The difference in responses likely rooted in the way microbial 
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communities, especially perchlorate reducing bacterial populations, responded to the 
changes in backwash procedure. 
Perchlorate reducing bacteria (PRB) can utilize perchlorate as an electron 
acceptor and convert it to chloride (Coates and Achenbach, 2004).  PRB described so far 
mainly belong to three genera Dechloromonas, Azospira, and Dechlorospirillum (Coates 
et al., 1999; Waller et al., 2004).  For most PRB, oxygen is a preferred electron acceptor 
over perchlorate (Coates and Achenbach, 2004).  Hence, to allow perchlorate removal by 
bioreactors, oxygen needs to be removed by PRB and/or other aerobic bacteria before 
biological perchlorate reduction can start (Xu et al., 2003).  Therefore, simultaneous 
studies of PRB and other aerobic bacteria are crucial in studying engineered systems 
designed to remove perchlorate. 
In this study, correlations among reactor operation (i.e., backwash frequency and 
intensity), reactor performance (i.e., dissolved oxygen and perchlorate removal), and 
microbial community shifts (i.e., relative abundance of PRB and other aerobic bacteria) 
were investigated.  The microbial community structure was first determined using clone 
library analyses targeting 16S rRNA genes and then the major bacterial populations were 
monitored using quantitative real-time polymerase chain reaction (PCR).  The results 
show how different bacterial populations responded to different backwash parameters, 
and provide insights in designing backwash strategies for fixed-bed biofilm systems. 
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3.2. Materials and Methods 
3.2.1. Reactor Operation 
The reactor configuration, influent composition, operating conditions, and backwash 
procedures were similar to the ones reported in an earlier study (Choi  et al., 2007).  In 
brief, a bench-scale fixed-bed biofilm reactor with an inner diameter of 2.4 cm and a 
height of 24 cm was filled with 1-mm diameter glass beads (empty bed volume of 63.4 
mm3).  Influent was pumped into the bottom of the glass bead reactor at a flow rate 
(Qinfluent) of 2.7 mL/min, resulting in an empty bed contact time of 23.4 min.  A 
recirculation loop (Qrecirculation=5×Qinfluent) was installed to the reactor to approximate a 
completely mixed mode of the bulk solution inside the reactor.  The influent contained 
two electron acceptors: 3 mg/L dissolved oxygen (DO) and 50 μg/L perchlorate.  A 
phosphate buffer solution with a final concentration of 0.5 mM maintained the pH inside 
the reactor at 7.5, and it served as phosphorus source along with 0.15 mg/L NH4Cl as N 
as nitrogen source.  Based on stoichiometric calculations (Rittmann and McCarty, 2001) 
with an assumed net yield value of 0.4 g CODbiomass/g CODacetate, 2 mg/L of acetate as C 
was needed to serve as the sole electron donor.  These operating parameters were defined 
as the baseline operating condition for this system.  In a “weak backwash”, reactor 
content was stirred in 100-mL of previously collected reactor effluent in a 600-mL beaker 
with a 7.5 cm long magnetic stir bar at 75 resolutions per minute (RPM) for 1 min, and 
then the supernatant was decanted.  In a “strong backwash”, the reactor content was 
stirred in 125 mL previously collected effluent at 150 RPM twice for 1 min each time, 
with supernatant decanting and new effluent replenishment between these periods.  The 
reactor was backwashed about once a month before the daily weak backwash experiment 
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started.  Six days after the daily weak backwash experiment, the daily strong backwash 
experiment was conducted. 
Influent and effluent DO concentrations were measured using WTW multi340 
meters with CellOx325 sensors in WTW D201 flow cells (WTW Inc., Weilheim, 
Germany) connected to the inlet and outlet of the reactor.  All other chemical parameters 
were measured according to Standard Methods (American Public Health Association 
(APHA), 1992).  Perchlorate was measured using an ion chromatograph system (Dionex 
ICS-2000, Sunnyvale, CA) according to EPA Standard Method 314.1.  An AS-16 
analytical column and an AG-16 guard column were used, while the eluent was 65 mM 
KOH.  The detection limits for DO and perchlorate were 0.01 mg/L and 1 μg/L, 
respectively. 
 
3.2.2. Data Analyses on Reactor Performance 
The effluent DO and perchlorate concentration profiles were fitted using polynomial 
trendlines in Microsoft Excel.  The R2 values for the fitted perchlorate concentration 
profiles ranged from 0.906 to 0.978 for the daily weak backwash experiment and 0.808 to 
0.971 (with an outlier of 0.492 for Day 5) for the daily strong backwash experiment.  The 
initial perchlorate reduction rates were calculated by taking derivatives of the simulated 
curves at time zero.  The R2 values for the simulated DO concentration profiles ranged 
from 0.854 to 0.978 for Day 1-3 in the daily weak backwash experiment, and 0.936 and 
0.963 for Day 3 and 5 in the daily strong backwash experiment.  The initial DO removal 
was calculated using the influent DO concentration (i.e., 3 mg/L) and subtracting the 
fitted effluent DO concentrations at time zero. 
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3.2.3. Extracellular and Intracellular DNA Extractions and Protein Assay 
For clone library construction, biomass samples were collected from the glass bead 
reactor on Day 0 of the daily weak backwash experiment and Day 5 of the strong 
backwash experiment.  Total DNA was extracted from these two biomass samples using 
FastDNA SPIN Kit (Qbiogene Inc., Irvine, CA).  For quantitative real-time PCR 
measurements, biomass samples were collected at each of the 11 backwash events.  
Extracellular DNA (eDNA) was separated from cellular materials and extracted by 
following a published protocol (Corinaldesi et al., 2005).  Intracellular DNA (iDNA) was 
extracted by following a protocol modified from the one by Griffiths and coworkers 
(Griffiths et al., 2000).  All DNA extracts were quantified using a NanoDrop ND1000 
(NanoDrop Technology, Wilmington, DE), and their qualities were evaluated by 
electrophoresis on a 1% agarose gel.  Protein measurements were conducted using a 
protein assay kit (Bio-Rad, Hercules, CA). 
 
3.2.4. Clone Library 
16S rRNA genes were amplified in triplicate using the PCR on a Mastercycler 
(Eppendorf International, Hamburg, Germany) with the forward primer 8F (5’-AGA GTT 
TGA TCC TGG CTC AG-3’) and the reverse primer 1492R (5’-GG[C/T] TAC CTT 
GTT ACG ACT T-3’) (Dojka et al., 1998; Richardson et al., 2002).  The composition of 
the PCR solutions and the conditions of the PCR reactions were adopted from the work 
by Dojka and coworkers (Dojka et al., 1998).  The PCR reaction involved 30 cycles and 
started with 12 min of denaturation at 94˚C and ended with a final extension at 72˚C for 
12 min.  Each cycle consisted of denaturation at 94˚C for 1 min, annealing at 50˚C for 45 
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s, and extension at 72˚C for 2 min.  Pooled PCR products from triplicates were purified 
by electrophoresis on a 1% agarose gel and extracted using the MinElute Gel Extraction 
Kit (QIAGEN Inc., Valencia, CA).  Purified PCR products were cloned into TOPO 
vectors (Invitrogen Inc., Carlsbad, CA), and transformed into chemically competent 
Escherichia coli.  The transformed E. coli cells were plated on Luria-Bertani agar that 
contained 50 μg/mL kanamycin and were incubated at 37˚C overnight.  Colonies were 
randomly picked and used to inoculate three 96-well microplates.  Two of the three 96-
well microplates in glycerol stocks were sent to the Genomic Center at Washington 
University (St. Louis, MO) for sequencing. 
 
3.2.5. Phylogenetic Analyses 
A total of 768 clones (eight 96-well microplates, two for each library) were sequenced 
using vector primers T3 and T7.  Nucleotide sequences were analyzed and edited using 
BioEdit (Hall, 1999).  Closely related sequences identified via the Ribosomal Database 
Project (RDP) (Cole et al., 2007) was aligned using ClustalW (Chenna et al., 2003) for 
bacterial 16S rRNA genes.  The phylogenetic tree was based on a region of the 16S 
rRNA gene of ca. 600 bp starting at the 8F primer region and was created based on the 
evolutionary history inferred using the neighbor-joining method (Saitou and Nei, 1987) 
and the evolutionary distance computed using the Jukes-Cantor methods (Jukes and 
Cantor, 1969) incorporated in the software program MEGA (Tamura et al., 2007).  The 
percentages of replicate trees in which the associated taxa clustered together in the 
bootstrap test (1000 replicates) are shown next to the branches (Felsenstein, 1985).  There 
were a total of 500 sites in the final dataset used to build the phylogenetic tree.  
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Operational taxonomic units (OTUs) were defined as clones that shared 95% identity in 
16S rRNA genes (Fields et al., 2005).  OTUs, diversity statistics, and rarefaction curves 
were calculated using DOTUR (Schloss and Handelsman, 2005).  The similarities of the 
bacterial 16S rRNA gene clone libraries were evaluated using ∫-LIBSHUFF (Schloss et 
al., 2004). 
 
3.2.6. Real-time PCR Primer Design and Reaction Conditions 
Real-time PCR primer sets were designed based on representative sequences of the 
clones of interests (i.e., Dechloromonas, Zoogloea, and Curvibacter) using the Primer3 
program (Rozen and Skaletsky, 2000) made available by Integrated DNA Technologies 
(www.idtdna.com) and were synthesized by Invitrogen (Carlsbad, CA).  The lengths of 
the amplicons using the three primer sets ranged from 106 to 155 bp.  The specificities of 
the designed primer sets were manually verified using the Probe Match function of RDP 
(Cole et al., 2007), while the coverage of the designed primer sets were evaluated against 
the clones of interest in relevant clone libraries (Table 3.1).  The specificities of the 
designed primer sets were further characterized with various ranges of annealing 
temperatures using the gradient PCR function of the real-time PCR thermocycler 
Mastercycler realplex system (Eppendorf International, Hamburg, Germany) 
(Supplemental Figure 3.1).  The selected annealing temperatures for the three designed 
primer sets could differentiate the fluorescence signals between equal amounts of target 
and non-target templates (106 copies per μL) by at least 15 Cthreshold units (Supplemental 
Figure 3.1 and Table 3.1).  The specificities of the primer sets were also tested by 
electrophoresis on 1% agarose gels to verify the sizes of the amplicons (Supplemental 
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Figure 3.2) and by monitoring the melting temperatures from melting curves on target 
and non-target templates (Supplemental Figure 3.3).  The real-time PCR primer set 
Bact1369F/1492R for quantifying total bacteria was adopted from Suzuki and coworkers 
(Suzuki et al., 2000). 
All real-time PCR experiments were performed using a RealMasterMix SYBR 
Green Kit (Eppendorf International, Hamburg, Germany), which has a self-adjusting 
chelating mechanism to control the Mg2+ concentration.  The reaction mixtures in 25 μL 
final volume contained 11.25 μL of 2.5X RealMasterMix SYBR Green solution 
(including 0.05 U/μL HotMaster Taq DNA Polymerase, 10 mM magnesium acetate, 1.0 
mM dNTPs, and 2.5X SYBR Green solution), 150 nM of forward and reverse primers, 
Sigma water (Sigma-Aldrich, St. Louis, MO), and 106 copies of target/non-target 
template or 10 ng of DNA template from environmental samples.  All quantification 
experiments included Sigma water as a non-template control to assure identification of 
false positives.  As suggested in the manual of the RealMasterMix SYBR Green kit, 
amplification involved one cycle of 95°C for 10 min for initial denaturation and then 40 
cycles of 95°C for 15 s followed by annealing at the temperatures reported in Table 3.1 
for 20 s and extension at 68°C for 30 s.  Detection of SYBR fluorescence was set at the 
extension step of each cycle.  Melting profiles were collected after 40 cycles of 
amplification to check the specificity of the amplification. 
 
3.2.7. Real-time PCR Standard Curves 
Target and non-target templates were plasmid DNA extracted from clones obtained from 
the clone libraries constructed in the current study using QIAprep Miniprep Kit 
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(QIAGEN Inc., Valencia, CA) and quantified using NanoDrop ND1000.  The target 
templates contained the representative sequences based on which corresponding primer 
sets were designed, while the non-target templates contained sequences with the least 
number of mismatches with the designed primer sets in the relevant clone libraries (Table 
3.2).  Dilutions of purified E. coli plasmid DNA containing the 16S rRNA genes of 
Dechloromonas, Zoogloea, and Curvibacter were used as standards for real-time PCR in 
the quantification of specific populations.  The plasmid DNA concentrations (copy # per 


























where 3956 and 1484 are the lengths of the pCR®4-TOPO vector (Invitrogen Corporation, 
Carlsbad, CA) and PCR insert, the constants of 607.4 and 157.9 were obtained for the 
calculation of the molecular weight of double stranded DNA (www.ambion.com).   
The slope, the y-intercept, and the R2 values in Table 3.2 were obtained from the 
standard curves, which were constructed from triplicate measurements for each real-time 
PCR primer set.  The amplification efficiencies were calculated using the equation, 
110 )/1( −= − slopeE  
where E is the efficiency of the real-time PCR reaction with a maximum value of 1, and 
the slope is the slope of the standard curve. 
To enumerate target copy numbers in environmental samples, standard curves 
were measured in triplicate on each 96-well microplates to avoid discrepancies across 
microplates.  The relative abundance values of the three genera were calculated using the 




Extracellular DNA (eDNA) is deemed important for biofilm studies because of its high 
abundance in certain natural environments (Steinberger et al., 2002; Corinaldesi et al., 
2005) and its sequence similarity to intracellular DNA in multi-species biofilms 
developed from pure cultures (Steinberger and Holden, 2005).  We investigated if the 
presence of eDNA would affect 16S rRNA gene sequence analyses and the quantification 
of total DNA extracted for the biofilm reactor operated in the current study.  The mass 
ratios of eDNA to total DNA for the biomass samples, collected in the two sets of 
backwash experiments (i.e., daily weak and daily strong backwash experiments), are 
presented in Figure 3.1.  The average amount of eDNA reported as a percentage of the 
total DNA was 22.2±8.9% for the two backwash experiments (n=10, excluding the 
sample on Day 1 of the daily strong backwash experiment), while the average 
percentages were 20.6±4.6% (n=6) and 24.8±13.7% (n=4) for the daily weak and daily 
strong backwash experiments, respectively.  Statistical analysis showed no significant 
difference between the two sets (p=0.610), which indicated that the microbial community 
inside the glass bed reactor contained similar percentages of eDNA under minor and 
major disturbances (i.e., weak and strong backwashes). 
Real-time PCR results showed that eDNA extracts from the biofilm reactor did 
not contain 16S rRNA sequences that were amplifiable by the four primer sets used in 
this study (data not shown).  Among the four primer sets, three were designed to target 
the three dominant bacterial genera in the reactor (Table 3.1 and below), and the other 
was a bacterial primer set (Suzuki et al., 2000).  The only exception was the eDNA 
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extract from Day 1 of the daily strong backwash experiment, which was amplified by all 
four primer sets (insert in Figure 3.1).  This eDNA extract likely was contaminated with 
intracellular DNA (iDNA), because real-time PCR results showed the relative 
abundances of the three targeted genera (i.e., Dechloromonas, Zoogloea, and Curvibacter) 
in this eDNA extract to be very similar to those in the corresponding iDNA extract (insert 
in Figure 3.1).  Since the eDNA samples did not contain sequences that were amplifiable 
with the four PCR primer sets, separate analyses of eDNA and iDNA were not pursued 
for the clone library and subsequent real-time PCR experiments. 
 
3.3.2. Microbial Community 
Two clone libraries were constructed to study the microbial community in the bioreactor: 
one for the biomass sample collected on Day 0 of the daily weak backwash experiment, 
and one for the biomass sample collected on Day 5 of the daily strong backwash 
experiment (Table 3.3).  In both libraries, the Betaproteobacteria were most abundant 
class.  In the first clone library, the two most abundant bacterial genera were 
Dechloromonas and Zoogloea, comprising 13.2 and 26.4% of the total bacterial 
population, respectively.  The corresponding values dropped to 2.7 and 13.6% in the 
second library.  The most abundant genus in the second library was Curvibacter 
accounting for 50.0% of the total bacterial population.  Using the Library Comparison 
function on RDP, it was determined that the changes in relative abundance of these three 
bacterial genera between the two libraries were significant (p < 0.01 in all three cases).  
Therefore, the relative abundances of these three genera were monitored using real-time 
PCR throughout the two daily backwash experiments (below). 
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A phylogenetic tree was constructed for the clones that belonged to the three 
genera in both clone libraries (Figure 3.2).  Clones associated with Dechloromonas in 
both clone libraries clustered together and were closely related to Dechloromonas sp. HZ 
and Dechloromonas sp. JM.  The clones associated with Zoogloea and Curvibacter in 
both libraries also clustered together. 
Genus level analyses revealed changes in the overall community structure before 
and after the daily backwash experiments.  In Figure 3.3, the Chao 1 and ACE indices 
increased from 60 and 75 to 81 and 92, respectively, indicating the microbial richness 
increased during the backwash experiments.  In contrast, the Shannon-Weiner and 
Inverse Simpson’s microbial diversity indices decreased from 2.77 and 11.51 to 2.40 and 
4.73, respectively, likely due to the decrease in the evenness of the bacterial community.  
The rarefaction curves in Figure 3.3 showed that the bacterial richness at the genus level 
was similar before and after the backwash experiments.  Table 3.3 shows that the 
microbial compositions of the two clone libraries were different.  This observation was 
statistically supported by the results generated using ∫-LIBSHUFF (Table 3.4, p < 0.05 in 
all comparisons), indicating the two clone libraries originated from significantly different 
microbial communities. 
 
3.3.3. Real-time PCR Standard Curves 
The annealing temperatures reported in Table 3.1 were determined experimentally for 
each real-time PCR primer set designed in this study (Supplemental Figure 3.1).  The 
standard curve constructed for each primer set (Figure 3.4) was linear between Cthreshold 
and Log Target Concentration using units of gene copy # per μL: R2 values ranged from 
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0.993 to 0.995 (Table 3.2).  Among the four primer sets used, Bact1369F/1492R had the 
narrowest linear range: the Cthreshold values for the standards of 101 and 102 copies per μL 
fell outside the linear range and thus were not included in the standard curve.  The linear 
ranges covered all the measurements from unknown samples.  The high y-intercept value 
for Bact1369F/1492R indicates a lower detection limit at a given cycle number (Ritalahti 
et al., 2006).  In addition, the amplification efficiencies for the four primer sets ranged 
from 0.627 (Bact1369F/1492R) to 0.952 (Dchm0991F/1146R). 
 
3.3.4. Daily Weak Backwash Experiment 
Before the daily weak backwash experiment, the reactor was backwashed once every 
month and was able to consistently remove dissolved oxygen (DO) and perchlorate to 
below their respective detection limits (data not shown).  After the weak backwash on 
Day 0, there were minimum disturbances in reactor performance with respect to effluent 
DO and perchlorate concentrations (Figure 3.5 A and B).  Immediately after the weak 
backwash on Day 1, the effluent DO concentration started at about 0.5 mg/L and then 
dropped to 0.04 mg/L at the end of the day.  During the next four days, the effluent DO 
concentration immediately after each backwash decreased: from about 0.5 mg/L on Day 
2 to about 0.05 mg/L on Day 5.  At the same time, the duration of low effluent DO level 
in each backwash cycle increased every day.  To better illustrate the improvement of 
reactor performance in terms of lowering effluent DO concentration along the course of 
the experiment, initial DO removal was plotted in Figure 3.5 A.  It is clear from the 
trendline that there was an improvement in the reactor performance since Day 1. 
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A similar trend was noticed for the effluent perchlorate profiles (Figure 3.5 B).  
On Day 1, the effluent perchlorate concentration immediately after the weak backwash 
was close to the influent perchlorate concentration (i.e., 50 μg/L), then decreased 
throughout the day.  Similar patterns repeated for subsequent daily weak backwashes.  To 
better illustrate the perchlorate removal trend, the initial slopes of the curves fitted to the 
effluent perchlorate profiles, defined as “Initial Perchlorate Reduction Rates” 
immediately after each weak backwash, were calculated and plotted.  It is clear from the 
trendline in Figure 3.5 B that the reactor’s ability to remove perchlorate also improved 
throughout the daily weak backwash experiment. 
The amount of biomass removed was the highest for Day 0 of the daily weak 
backwash experiment, because the reactor had been backwashed only once a month 
before the start of this backwash experiment and had accumulated a large amount of 
biomass (Figure 3.6 A).  The amount of biomass removed during both experiments varied 
somewhat, however, the averages of the two sets of backwash experiments (excluding 
Day 0 of the daily weak backwash experiments) were not significantly different (p=0.588, 
Figure 3.6 A and C). 
The three abundant bacterial populations responded differently to the daily weak 
backwashes according to real-time PCR results, as shown in Figure 3.6 B.  The relative 
abundance of Dechloromonas first decreased from 27.3% on Day 0 to 2.5% on Day 3, 
and then increased to 12.1% on Day 5.  The relative abundance of Zoogloea first 
increased from 26.7% on Day 0 to 36.1% on Day 2, and then decreased to 15.6% on Day 
5.  The relative abundance of Curvibacter increased from 19.8% on Day 0 to 40.3% on 
Day 5.  The relative abundances of these three populations on Day 0 determined by real-
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time PCR (i.e., 27.3, 26.7, and 19.8%, respectively) were in reasonable agreement with 
the corresponding values determined in the clone library analyses (i.e., 13.2, 26.4, and 
7.7% respectively, Table 3.3). 
 
3.3.5. Daily Strong Backwash Experiment 
The bioreactor was not backwashed for six days after the daily weak backwash 
experiment.  At the end of the six days, the reactor exhibited consistent complete removal 
of DO and perchlorate (data not shown).  Then, the microbial community was exposed to 
strong backwashes for five consecutive days.  The increase in backwash intensity 
dramatically affected reactor performance (Figure 3.5 C and D).  Immediately after the 
strong backwash on Day 1, the effluent DO concentration was 0.01 mg/L and remained 
low throughout the day.  For the next few days, the effluent DO concentration 
immediately after each backwash increased as the experiment proceeded, except for Day 
4.  After the strong backwash on Day 4, the effluent DO concentration remained 0.01 
mg/L throughout the day, likely due to malfunctioning of the DO probe (the effluent DO 
concentrations during Day 4 could not have been lower than those during Day 1; also, the 
results of a replicate experiment presented in Supplemental Figure 3.4 indicated a 
decreasing trend of DO removal similar to Figure 3.5 C).  The trendline shown in Figure 
3.5 C demonstrates a deteriorating ability of the microbial community to consume DO. 
A decreasing ability to remove perchlorate was also observed during the daily 
strong backwash experiment.  The effluent perchlorate concentration immediately after 
each daily strong backwash was close to the influent perchlorate concentration (i.e., 50 
μg/L, Figure 3.5 D).  The reactor was able to achieve complete perchlorate removal at the 
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end of Day 1.  Starting on Day 2, the ability of the reactor to remove perchlorate 
deteriorated.  On Day 5, the effluent perchlorate concentration remained at a level close 
to the influent perchlorate concentration throughout the day.  The trendline in Figure 3.5 
D confirmed that the ability of the reactor to remove perchlorate had decreased. 
Similar to the daily weak backwash experiment, the three major bacterial genera 
responded differently to the strong backwashes as determined by real-time PCR (Figure 
3.6 D).  The relative abundance of Dechloromonas decreased from 7.0% on Day 1 to 
0.5% on Day 5.  The relative abundance of Zoogloea first slightly increased from 9.0% to 
14.3% during the first two days, and then decreased to 2.4% on Day 5.  The relative 
abundance of Curvibacter increased from 60.9% on Day 1 to 97.5% on Day 5.  The 
relative abundances of Dechloromonas and Zoogloea on Day 5 measured with real-time 
PCR (i.e., 0.5 and 2.4%, respectively) were lower than the corresponding values obtained 
through clone library analyses (i.e., 2.7 and 13.6%, respectively, Table 3.3).  For the 
relative abundance of Curvibacter, the value measured using real-time PCR (i.e., 97.5%) 
was substantially higher than the corresponding value determined through clone library 
analysis (i.e., 50.0%). 
 
3.4. Discussion 
Three real-time PCR primer sets, targeting strains that belong to the genera 
Dechloromonas, Zoogloea, and Curvibacter, were designed based on the sequence 
information of the corresponding clones in the 16S rRNA gene clone libraries, instead of 
from the sequence information available in pubic databases.  Thus, the designed primers 
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are not strictly genus-specific primers.  In other words, these primers only target a 
subpopulation of each genus that was relevant to the bioreactor operated in the current 
study.  Such design requires lower stringency on primer coverage, and warrants higher 
specificity.  Thus, it is not surprising that even the closest non-targets for some designed 
primers had more than seven mismatches (Table 3.2).  The primer sets were characterized 
to obtain optimized annealing temperatures for the real-time PCR experiments using 
known concentrations of plasmids containing target and non-target sequences.  The real-
time PCR results showed good correlation with the clone library analyses, except for the 
Curvibacter population on Day 5 of the daily strong backwash experiment. 
The DNA samples used for the microbial analyses were extracted from the 
biomass removed during each backwash.  The biomass remaining in the reactor after 
backwash was not sampled, because the size of the reactor was small and repeated 
sampling would have significantly changed the amount of biofilm in the reactor. 
Dechloromonas spp. and Azospira spp. were the only known PRB detected in the 
reactor.  The dominance of Dechloromonas in perchlorate reducing systems has been 
shown by other studies in which acetate was used as the sole electron donor (Zhang et al., 
2005; Choi et al., 2008).  In the phylogenetic analyses, the Dechloromonas-like clones 
from the reactor clustered together, and were found to be closely related to 
Dechloromonas sp. HZ and Dechloromonas sp. JM, both of which are PRB and can 
utilize acetate as an electron donor (Logan et al., 2001; Zhang et al., 2002).  Other PRB 
species, such as Dechlorospirillum spp. and Azospirillum spp., which were isolated from 
various natural and engineered systems (Waller et al., 2004; Bardiya and Bae, 2008), 
were not present in the reactor. 
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The presence of Zoogloea spp. in the biofilm reactor is not surprising, as members 
of the genus have been characterized as slime formers in engineered systems (Dias and 
Bhat, 1964; Rossellomora et al., 1995).  Zoogloea spp. are aerobic (Unz, 1984; Xie and 
Yokota, 2006) and thus utilized DO as their electron acceptor in the current system.  The 
genus Curvibacter has been described only recently (Ding and Yokota, 2004), and 
knowledge about the ecological function of Curvibacter spp. is limited, except that they 
have been detected in freshwater (Ding and Yokota, 2004), Antarctic coastal waters 
(Gentile et al., 2006), and activated sludge (Thomsen et al., 2007).  Curvibacter spp. were 
the most abundant population at the end of the strong backwash experiment (Figure 3.6 D 
and Table 3.3).  Considering that Curvibacter spp. can also use oxygen as their electron 
acceptor (Ding and Yokota, 2004), and the oxygen removal efficiency was low at the end 
of the strong backwash experiment (Figure 3.5 C), we speculate that the Curvibacter spp. 
in the reactor did not play a significant role in lowering DO levels. 
Both reactor performance and PRB population abundance recovered from the 
disturbance imposed by increased backwash frequency.  After the backwash frequency 
was increased from once a month to once a day, reactor performance in terms of 
perchlorate removal dropped initially.  During the rest of the daily weak backwash 
experiment, reactor performance improved continuously (Figure 3.5 B).  In the meantime, 
the relative abundance of Dechloromonas spp. showed a down-and-up trend (Figure 3.6 
B), different from the continuous improvement of reactor performance.  The discrepancy 
in the trends of the relative abundance of PRB and perchlorate removal indicates that 
bacterial population(s) other than Dechloromonas spp. impacted perchlorate removal 
efficiency.  Such bacterial population(s) likely affected perchlorate removal by lowering 
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DO, the competing electron acceptor, in the bioreactor.  In contrast, neither the reactor 
performance nor the PRB population recovered from the increase in backwash intensity.  
Reactor performance in terms of perchlorate removal and the relative abundance of 
Dechloromonas spp. continuously dropped during the daily strong backwash experiment 
(Figure 3.5 D and Figure 3.6 D). 
The daily weak and strong backwash experiments were repeated during a related 
study, and biomass samples collected were subject to real-time PCR analyses 
(Supplemental Figure 3.4 previously published in (Choi et al., 2007) and Supplemental 
Figure 3.5).  The trends in DO and perchlorate removal efficiencies obtained in this 
related study were similar to those observed in the current study, although some 
differences in microbial community shifts were observed (Supplemental Figure 3.5 and 
Figure 3.6). 
In conclusion, after a minor disturbance in reactor operation, such as an increase 
in backwash frequency, the PRB population (i.e., Dechloromonas spp.) was able to 
recover, and reactor performance (i.e., perchlorate removal) improved gradually.  In 
comparison, after a major disturbance in reactor operation, such as an increase in 
backwash intensity, Dechloromonas spp. failed to adjust to the change, Curvibacter spp. 










F/R Systematic Name1, 2 Abbreviated 
Name 









Dechloromonas F S-G-Dchm-0991-a-S-24 Dchm0991F TTG ACA TGT CCA 
GAA GCC CGA AGA 
23/26 7/7 12/29 58.5 
 R S-G-Dchm-1146-a-A-24 Dchm1146R TGT CAC CGG CAG 
TCT CGT TAA AGT 
21/26 6/7 68/196  
Zoogloea F S-G-Zoog-0487-a-S-24 Zoog0487F ACC GTA AGA AGA 
AGC ACC GGC TAA 
40/44 13/26 32/277 68.0 
 R S-G-Zoog-0627-a-A-24 Zoog0627R TGA TGC AGT CAC 
AAA CGC AGT TCC 
35/44 20/26 23/24  
Curvibacter F S-G-Curvib-1001-a-S-21 Curvib1001F CGG AAG TTA CCA 
GAG ATG GTT 
21/21 73/77 71/110 64.0 
 R S-G-Curvib-1107-a-A-21 Curvib1107R CAA CTA ATG ACA 
AGG GTT GCG 
20/21 74/77 203/7190  
1. The primers were named according to standardized nomenclature by Alm and coworkers (Alm et al., 1996). 
2. The location of the primers were determined based on Escherichia coli numbering (Brosius et al., 1981). 
3. Coverage = “Number of target clones with perfect match to the corresponding primer” / “Number of target clones in the clone library”.  Clone library #1 was 
built on the biomass collected on Day 0 of daily weak backwash experiment, while clone library #2 on Day 5 of daily strong backwash experiment. 
4. Specificity = “Number of target sequences in database with perfect match to the corresponding primer” / “Number of sequences in database with perfect match 
to the corresponding primer”.  The specificity results were obtained using the Probe Match function on RDP in May 2007 (Cole et al., 2007).  




Table 3.2.  Target and non-target used in the characterization of each real-time PCR primer set, and the amplification efficiencies for 
each real-time PCR primer set. 
Primer set Target Non-target1 Amplification 
efficiency 
Slope3 y-Intercept3 R2 Linear range 
(copies/μL) 
Dchm0991F/1146R Dechloromonas Zoogloea 
(>7, 1) 
0.952 -3.442 37.46 0.995 101-109 
Zoog0487F/0627R Zoogloea Curvibacter 
(1, 4) 
  Dechloromonas 
(2, 7) 
0.990 -3.346 36.97 0.993 101-109 
Curvib1001F/1107R Curvibacter Zoogloea 
(2, 2) 
0.805 -3.898 41.86 0.995 101-108 
Bact1369F/1492R All bacteria2 NA 0.627 -4.730 52.67 0.995 103-109 
1. The numbers in parentheses are the numbers of mismatches of non-targets with forward and reverse primers, respectively. 
2. Plasmid DNA containing Dechloromonas 16S rDNA was used as real-time PCR standards for the bacterial primer set. 




Table 3.3.  Relative abundance of bacterial population determined using clone library 
sequence analyses in biomass samples collected on Day 0 of the weak backwash 
experiment (total of 182 clones) and Day 5 of the strong backwash experiment (total of 
184 clones).1 
Class Genus Day 02 of daily 
weak backwash 
experiment (%) 
Day 5 of daily 
strong backwash 
experiment (%) 
Acidobacteria Holophage 1.1 ND 
 Unclassified Acidobacteriaceae 1.1 ND 
Sphingobacteria Unclassified Flexibacteraceae3 5.5 ND 
 Unclassified Sphingobacteriales 6.0 7.1 
 Niastella ND 2.7 
 Terrimonas ND 1.1 
Alphaproteobacteria Sphingomonas ND 1.1 
Betaproteobacteria Methylophilus 0.5 3.8 
 Dechloromonas3 13.2 2.7 
 Zoogloea3 26.4 13.6 
 Azospira ND 0.5 
 Unclassified Rhodocyclaceae 3.3 1.1 
 Curvibacter3 7.7 50.0 
 Unclassified Comamonadaceae 7.1 1.1 
 Unclassified Betaproteobacteria 1.6 2.2 
Gammaproteobacteria Methylomonas 6.6 3.3 
 Unclassified Methylococcaceae 7.1 4.9 
1 The criterion used in selecting taxa to be included in the table: taxa that contained more than one clone in 
at least one of the two libraries, with the exception of the genus Azospira. 
2 Day 388 since the start of the reactor.  Before the start of the daily weak backwash experiment, the reactor 
has been mainly operated using the baseline operating condition. 
3 Taxa whose relative abundances are significantly different in the two clone libraries with p values less 
than 0.01 according to the Library Comparison function on RDP. 
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Table 3.4.  Values of p estimating the similarity between the two bacterial clone libraries 
using ∫-LIBSHUFF. 
p value comparison of clone library (Y) with X1 Bacterial clone library (X) 
Day 0 of Daily Weak BW  Day 5 of Daily Strong BW 
Day 0 of Daily Weak BW 0.0000 0.0000 
Day 5 of Daily Strong BW 0.0428 0.0000 
1. p values compare either X to Y or Y to X, and indicate the clone libraries were sampled from significantly 





Figure 3.1. The ratios of eDNA to total DNA in biomass samples collected from the daily 
weak backwash (grey) and daily strong backwash experiments (dark).  For the sample 
from Day 1 of the daily strong backwash experiment, the eDNA extracts likely were 
contaminated with iDNA: about 12.6% of the iDNA ended up in the eDNA extract.  The 
ratio for this specific sample was not included in the reported average percentages in the 
text.  The insert shows the relative abundances for the three dominant genera for the 





















































Figure 3.2.  A phylogenetic tree of the clones that were closely associated with the three 
major bacterial genera present in the biofilm reactor.  “Day 0” and “Day 5” refer to Day 0 
of the daily weak backwash experiment and Day 5 of the daily strong backwash 
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Day 5 of Daily Strong BW Exp
 








Day 0 of dailyweak BW 168 33 60 (41, 122) 75 (49, 142) 2.77 11.51 
Day 5 of daily strong BW 186 42 81 (57, 145) 92 (62, 168) 2.40 4.73 
1. OTUs defined as 5% difference in 16S rRNA gene sequences. 
2. Mean values with upper and lower 95% confidence intervals given in parentheses. 
Figure 3.3.  Rarefaction curves indicating bacterial 16S rRNA richness within the two 
clone libraries.  The dashed line represents 1:1, indicating infinite diversity.  The table 
lists the bacterial 16S rRNA sequence diversity indices.  OTUs were defined as groups of 
sequences sharing 95% 16S rRNA sequence identity.  The estimates of phylotype 
richness were calculated according to the abundance-based coverage estimate (ACE) and 
the bias-corrected Chao1 estimator.  The Shannon-Weiner diversity index and the Inverse 




Figure 3.4. Standard curves for the primer sets designed for Dechloromonas, Zoogloea, 
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Figure 3.5. The effluent DO (top row) and perchlorate (bottom tow) concentrations during the daily weak backwash experiment (left 
column) and the daily strong backwash experiment (right column).  (■) Effluent DO level; (□) Initial DO removal; (●) Effluent 











































































Figure 3.6. Protein measurements (top row) and the relative abundance of the three major bacterial genera in total bacterial population 
(bottom row) during the daily weak (left column) and strong (right column) backwash experiments.  Trendlines: (solid) 































































































































Supplemental Figure 3.1.  Characterization on primer sets with various annealing 
temperatures: (A) Dchm0991F/1146R, (B) Zoog0487F/0627R, and (C) 
Curvib1001F/1107R.  Filled symbols: target. Open symbols: non-target.  The numbers of 







Supplemental Figure 3.2.  An electrophoresis gel image of real-time PCR products using 
the Dchm0991F/1146R primer set.  Lane 1: DNA ladder; Lane 2 and 3: Dechloromonas 
(target) and Zoogloea (non-target) with an annealing temperature of 58.4°C; Lane 4 and 5: 
Dechloromonas (target) and Zoogloea (non-target) with an annealing temperature of 
64.7°C. 
200 



















































































Supplemental Figure 3.3. Representative melting curves for the targets and non-targets of 
the three real-time PCR primer sets designed in this study: (A) Dchm0991F/1146R 
(Tm=86.90±0.15°C for Dechloromonas, N/A for Zoogloea); (B) Zoog0487F/0627R 
(Tm=86.63±0.18°C for Zoogloea, Tm=86.36±0.17°C for Curvibacter, Tm=87.10±0.17°C 
for Dechloromonas); (C) Curvib1001F/1107R (Tm=85.93±0.21°C for Curvibacter, 
Tm=86.50±0.16°C for Zoogloea).  The numbers in parentheses are the numbers of 
mismatches with the corresponding primers.  The averages and standard deviations were 









































































Supplemental Figure 3.4.  The effluent DO (top row) and perchlorate (bottom tow) concentrations during the daily weak backwash 
experiment (left column) and the daily strong backwash experiment (right column), which were replicate experiments of the ones in 
Figure 3.5.  (■) Effluent DO level; (●) Effluent perchlorate concentration.  These plots were reproduced from the work by Choi and 







































































Supplemental Figure 3.5.  Fractions of three major bacterial genera in total bacterial 
population during the weak (A) and strong (B) backwash experiments.  Trendlines: (solid) 
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4. Chapter 4 
 
 
Effects of Phosphorus Addition on Reactor Performance 
and Microbial Communities of Biologically Active Carbon 
(BAC) Reactors for Drinking Water Treatment 
4.1. Introduction 
Biological processes have been utilized in drinking water treatment to remove natural 
organic matter (Charnock and Kjonno, 2000), taste/odor/color-causing compounds 
(Nerenberg et al., 2000; Rittmann et al., 2002), and several inorganic contaminants 
(Andersson et al., 2001; Li and Chu, 2003).  In some of these processes, pre-ozonation is 
applied to improve the biodegradability of refractory organic matter (Kim et al., 1997; 
Nishijima and Speitel, 2004).  In other processes, defined as active biological treatment in 
the current study, electron donors are added to facilitate the removal of contaminants, 
such as nitrate (Fuchs et al., 1997), perchlorate (Miller and Logan, 2000; Brown et al., 
2003), and other oxidized anions (Nerenberg and Rittmann, 2004).  Although concerns 
have been raised regarding the applicability of biological processes for drinking water 
treatment, such as the possibility of microbial contamination (Camper et al., 1986) and 
the generation of soluble microbial products (Carlson and Amy, 2000), biological 
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treatment has been proven effective to remove multiple contaminants from water sources 
and deserves further investigation. 
A key step in evaluating biological drinking water treatment is to characterize the 
microbial communities involved in the treatment process.  Microbial communities in 
drinking water treatment systems previously have been surveyed using phospholipids 
fatty acid (Moll et al., 1999), culture-based methods (Moll et al., 1998; Norton and 
LeChevallier, 2000), and nucleic acid-based methods (Emtiazi et al., 2004; Nerenberg et 
al., 2008).  These studies showed that the microbial community structures varied at 
different locations in treatment systems and shifted in composition in response to system 
operation, such as pre-chlorination, pre-ozonation, and temperature.  However, few 
studies are available to elucidate how reactor operation determines the structures of 
microbial communities that are responsible for contaminant removal in active biological 
treatment systems for drinking water production. 
Phosphorus is an essential element in cell growth and functioning (Madigan et al., 
2003), and phosphorus addition to engineered systems can lead to increases in total 
biomass amount and subsequently benefit reactor performance (Nishijima et al., 1997; 
Sang et al., 2003).  In addition to affecting biomass density, phosphorus addition can also 
change microbial community structures, by changing the relative abundances of certain 
populations (Chenier et al., 2006; Allers et al., 2007).  On the other hand, phosphorus 
limitation can decrease the overall diversity of a microbial community by lowering the 
intensity of horizontal gene transfer (Souza et al., 2008).  These studies suggest 
phosphorus addition is an operational parameter that can affect the microbial populations 
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responsible for contaminant removal and the overall microbial community structure in 
active biological drinking water treatment systems. 
In the current study, efforts were made to elucidate how phosphorus addition can 
affect reactor performance and microbial community structure inside biologically active 
carbon (BAC) reactors operated for drinking water treatment.  Two BAC reactors, one 
bench-scale and one pilot-scale, were operated to remove perchlorate and nitrate from 
contaminated groundwater.  Phosphorus was added to the reactors approximately three 
months after the start of the reactors.  Reactor performance and microbial community 
structure were monitored and compared both before and after phosphorus addition.  
Furthermore, the microbial community structure results were used to make implications 
on how active biological treatment may affect downstream treatment such as disinfection. 
 
4.2. Materials and Methods 
4.2.1. Reactor Operation 
A bench-scale fixed-bed BAC reactor consisted of a glass column with an inner diameter 
of 4.9 cm and a height of 26.0 cm (Figure 4.1).  The height of the granular activated 
carbon (GAC) bed (bituminous F816, Galgon Carbon Corp., Pittsburgh, PA) was 10.6 cm 
resulting in an empty bed volume of 200 mm3, and the rest of the height of the glass 
column was reserved for bed expansion during backwashing.  A synthetic groundwater 
was pumped into the BAC reactor in a down flow mode at a flow rate of 10 mL/min, 
resulting in an empty bed contact time (EBCT) of 20 min.  The synthetic groundwater 
composition was designed according to the composition determined for a real 
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groundwater (Rialto, CA, see below) and consisted of deionized water supplemented with 
17.75 (12) mg/L Na2SO4, 6.90 (3) mg/L K2CO3, 289.18 (210) mg/L NaHCO3, 13.68 (8.3) 
mg/L NaCl, 2.81 (1.8) mg/L CaCl2, 3.88 (2.9) mg/L MgCl2, 34.27 (25) mg/L NaNO3, and 
92.34 (75) μg/L NaClO4 (the values in parentheses refer to the corresponding anion 
concentrations).  The dissolved oxygen (DO) level of the synthetic groundwater remained 
~7 mg/L throughout the study.  Based on stoichiometric calculations (Rittmann and 
McCarty, 2001) with an assumed net yield value of 0.4 g CODbiomass/g CODacetate, 13 
mg/L of acetic acid as C was needed to completely remove all three electron acceptors 
(i.e., DO, NO3-, and ClO4-).  With a safety factor of 1.5 applied, concentrated acetic acid 
was added to the reactor using a syringe pump and resulted in a final concentration of 20 
mg/L as C in the influent.  The pH values of influent and effluent varied between 7.5 and 
7.9.  On day 115, phosphoric acid was added to the synthetic groundwater with a final 
concentration of 145 μg/L as P.  In order to remove excess biomass, the bench-scale BAC 
reactor was backwashed every 48 hours with a mixture of water (i.e., 50 mL/min) and air 
for 4 min followed by high flow-rate water flush (i.e., 500 mL/min) for 3 min.  The BAC 
system was operated in a temperature control room set at 18°C.  These operating 
conditions are designated as the baseline operating condition for the bench-scale BAC 
reactor. 
A pilot-scale fixed-bed BAC reactor was constructed and operated by Carollo 
Engineers in Rialto, California (Figure 4.1 and Supplemental Figure 4.1).  The pilot-scale 
BAC reactor was made of epoxy-coated steel with an inner diameter of 61.0 cm and a 
height of 228.6 cm, and contained the same type of GAC as the bench-scale BAC system.  
The height of the GAC bed was 143.3 cm and the rest of the reactor volume was reserved 
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for bed expansion during backwash.  The raw groundwater feed was of the same 
concentrations of anions as those of the bench-scale BAC system, except the perchlorate 
concentration was 50 μg/L.  The groundwater was pumped to the reactor at a flow rate of 
41.6 L/min which resulted in an EBCT of 10 min.  Acetic acid addition was determined 
according to the method described above, except that a safety factor of 1.13 was applied.  
On day 97, phosphoric acid was added to the groundwater with a final concentration of 
~150 μg/L as P.  The reactor was backwashed every 17-24 hours by following the 
procedure: fluidization (with surface wash) at 4.8 gpm/ft2 for 69 s, 12.7 gpm/ft2 for 180 s, 
3.2 gpm/ft2 for 120 s, 6.7 gpm/ft2 for 480 s, and 1.3 gpm/ft2 for 30 s, and during the 
fluidization step 2-3.2 standard cubic feet per minute per square feet air scour was pulsed 
for a total of 24 s. 
 
4.2.2. Chemical Measurements 
For the bench-scale system, influent and effluent DO concentrations were measured using 
WTW multi340 meters with CellOx325 sensors in WTW D201 flow cells (Weilheim, 
Germany) connected to the inlet and outlet of the reactor.  For the pilot-scale system, DO 
concentrations were measured on site using HACH sc100 LDO probe (Loveland, CO).  
Water samples from the pilot-scale reactor were sent regularly to the University of 
Michigan using overnight service and stored according to Standard Methods (American 
Public Health Association (APHA), 1992) until measurement.  For all chemical 
parameters, water samples from the bench- and pilot-scale BAC reactors were filtered 
through 0.45-μm filters, and concentrations were determined according to the following 
methods.  Concentrations of acetic acid, nitrate, and nitrite were measured on an ion 
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chromatograph system with a conductivity detector (Dionex DX100, Sunnyvale, CA) 
according to Standard Methods (American Public Health Association (APHA), 1992).  
An AS-14 analytical column and an AG-14 guard column were used, and the eluent 
contained 1.0 mM bicarbonate and 3.5 mM carbonate.  Perchlorate concentrations were 
measured using another ion chromatography system (Agilent Chemistation, Santa Clara, 
CA) according to the EPA Standard Method 314.1 (Hautman et al., 1999).  A Dionex 
AS-16 analytical column and an AG-16 guard column were used, and the eluent was 65 
mM NaOH.  The detection limits for DO, nitrate, acetic acid, and perchlorate were 
determined to be 0.01 mg/L, 0.2 mg/L, 0.2 mg/L, and 2 μg/L.  Effluent nitrite 
concentrations were always below the detection limits of 0.2 mg/L.  Phosphorus 
concentrations were measured using induced coupled plasma and mass spectrometry 
(ICP-MS, PerkinElmer ALEN DRC-e, Waltham, MA) with a detection limit of 5 μg/L. 
 
4.2.3. Clone Library 
Biomass samples from the pilot-scale BAC reactor were collected from a vertical core of 
the BAC bed using a 1-inch PVC pipe, and shipped overnight on dry ice to the University 
of Michigan.  Biomass samples from both the bench- and the pilot-scale BAC reactors 
were stored at -80°C until analyses.  Four BAC samples were collected for clone library 
analyses, two from the bench-scale BAC reactor (Day 100 and 244) and two from the 
pilot-scale BAC reactor (Day 84 and Day 210).  DNA was extracted from the BAC 
samples using FastDNA SPIN Kit (Qbiogene Inc., Irvine, CA) and quantified using a 
NanoDrop ND1000 (NanoDrop Technology, Wilmington, DE).  DNA quality was 
evaluated by electrophoresis on a 0.8% agarose gel.  16S rRNA genes were amplified in 
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triplicate using the polymerase chain reaction (PCR) on a Mastercycler thermocycler 
(Eppendorf International, Hamburg, Germany) with the forward primer 8F (5’-AGA GTT 
TGA TCC TGG CTC AG-3’) (Dojka et al., 1998) and the reverse primer 1387R (5’-
GGG CGG [A/T]GT GTA CAA GGC-3’) (Wobus et al., 2003).  The composition of the 
PCR reaction mixture was adopted from the work by Wobus and coworkers (Wobus et al., 
2003).  The PCR reaction involved 30 cycles and started with 5 min of denaturation at 
95˚C and ended with a final extension at 72˚C for 18 min.  Each cycle consisted of 
denaturation at 95˚C for 30 s, annealing at 50˚C for 45 s, and extension at 72˚C for 2 min.  
Pooled PCR products were purified by electrophoresis on a 1% agarose gel and extracted 
using the MinElute Gel Extraction Kit (QIAGEN Inc., Valencia, CA).  Purified PCR 
products were cloned into TOPO vector (Invitrogen Inc., Carlsbad, CA) and transformed 
into chemically competent Escherichia coli.  The transformed E. coli cells were plated on 
Luria-Bertani agar that contained 50 μg/mL kanamycin and incubated at 37˚C overnight.  
Colonies were picked randomly and used to inoculate three 96-well microplates.  Two of 
the three 96-well microplates were sent to the Genomic Center at Washington University 
(St. Louis, MO) in glycerol stocks for sequencing. 
 
4.2.4. Microbial Sequence Analyses 
A total of 768 clones (eight 96-well microplates, two for each library) were sequenced 
bidirectionally using vector primers T3 and T7 (Invitrogen Inc., Carlsbad, CA).  
Nucleotide sequences were analyzed and edited using BioEdit (Hall, 1999).  Alignment 
of closely related sequences identified via the Ribosomal Database Project (RDP) (Cole 
et al., 2007) was conducted using ClustalW (Chenna et al., 2003) for bacterial 16S rRNA 
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genes.  The phylogenetic tree was constructed according to a ca. 600-bp region of the 16S 
rRNA gene, starting at the 8F primer region, to illustrate the phylogenetic relationship of 
the Dechloromonas- and Azospira-like clones with other perchlorate reducing bacteria 
(PRB).  The phylogenetic tree was created based on the evolutionary history inferred 
using a neighbor-joining method (Saitou and Nei, 1987) and the evolutionary distance 
computed using the Jukes-Cantor methods (Jukes and Cantor, 1969) incorporated in the 
software program MEGA (Tamura et al., 2007).  The robustness of the tree topologies 
was tested by bootstrap test (1,000 replicates) (Felsenstein, 1985).  All positions 
containing gaps and missing data were eliminated from the dataset (Complete deletion 
option).  There were a total of 524 positions in the final dataset for the phylogenetic tree.  
Clones were considered to be part of an operational taxonomic unit (OTU) if they shared 
≥ 95% identity to 16S rRNA genes (Fields et al., 2005).  OTUs, diversity statistics, and 
rarefaction curves were calculated using DOTUR (Schloss and Handelsman, 2005).  The 
similarities of the bacterial 16S rRNA gene clone libraries were evaluated using ∫-
LIBSHUFF (Schloss et al., 2004). 
 
4.2.5. Real-Time PCR 
Real-time PCR primer sets were designed based on the representative sequences from the 
clones of interests using the Primer3 program made available by Integrated DNA 
Technologies (www.idtdna.com) (Rozen and Skaletsky, 2000) and were synthesized by 
Invitrogen (Carlsbad, CA).  The specificities of the designed primer sets were evaluated 
using the Probe Match function of RDP (Cole et al., 2007), while the coverage of the 
designed primer sets was evaluated against the clones of interests in relevant clone 
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libraries (Supplemental Table 4.1).  The specificities of the primer sets were further 
characterized with various ranges of annealing temperatures using the gradient function 
of a real-time PCR Mastercycler realplex thermocycler (Eppendorf International, 
Hamburg, Germany).  Target and non-target templates were plasmid DNA extracted from 
relevant clones using QIAprep Miniprep Kit (QIAGEN Inc., Valencia, CA).  The target 
templates contained the representative sequences based on which the primer sets were 
designed, while the non-target templates contained sequences with the least number of 
mismatches with the designed primer sets in the relevant clone libraries.  The chosen 
annealing temperatures for the two designed primer sets (Table 4.1) could differentiate 
the fluorescence signals between equal amounts of target and non-target templates (i.e., 
106 copies per μL) by at least 15 Cthreshold units (Supplemental Figure 4.2).   
Real-time PCR experiments were performed on the Mastercycler realplex 
thermocycler using RealMasterMix SYBR Green Kit (Eppendorf International, Hamburg, 
Germany), which has a self-adjusting chelating mechanism for controlling the Mg2+ 
concentration.  The reaction mixtures in 25 μL final volume contained 11.25 μL of 2.5X 
RealMasterMix SYBR Green solution (including 0.05 U/μL HotMaster Taq DNA 
Polymerase, 10 mM magnesium acetate, 1.0 mM dNTPs, and 2.5X SYBR Green 
solution), 150 nM of forward and reverse primers, Sigma water (Sigma-Aldrich, St. Louis, 
MO), and templates of known concentrations or 10 ng of DNA template from 
environmental samples. 
As suggested in the manual of the RealMasterMix SYBR Green kit, amplification 
involved one cycle of 95°C for 10 min for initial denaturation and then 40 cycles of 95°C 
for 15 s followed by annealing at the temperature shown in Table 4.1 for 20 s and 
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extension at 68°C for 30 s.  SYBR Green fluorescence was detected during the extension 
step of each cycle.  Melting profiles were collected after the 40 cycles of amplification to 
check the specificity of the amplification (Supplemental Figure 4.2).  Dilutions of 
purified E. coli plasmid DNA containing the 16S rRNA genes of Dechloromonas and 
Azospira were used to construct standard curves for real-time PCR in the quantification 
of specific populations and bacterial domain (Supplemental Figure 4.3). 
 
4.3. Results 
4.3.1. Bench- and Pilot-scale BAC Reactor Performance 
Prior to Day 115, acetic acid was the only chemical added to the synthetic groundwater 
fed to the bench-scale BAC reactor (Figure 4.1).  ICP-MS measurement on the synthetic 
groundwater showed that the phosphorus concentration in the influent to the reactor was 
between 5 to 10 μg/L as P.  During this period, the reactor was able to nearly completely 
remove DO, and remove 17 mg/L of nitrate (68% removal) and 25 μg/L of perchlorate 
(33% removal) (Figure 4.2 A).  After the phosphorus addition on Day 115 (145 μg/L 
phosphoric acid as P), the effluent dissolved oxygen (DO) immediately dropped below 
the detection limit, and effluent nitrate and perchlorate started to decrease nearly 
simultaneously and dropped below the detection limits within 5 and 15 days, respectively. 
Similarly, before Day 97 in the operation of the pilot-scale BAC reactor, acetic 
acid was the only chemical added to the contaminated groundwater.  During this period, 
the phosphorus concentration in the groundwater ranged between 30 and 60 μg/L as P.  
The reactor was able to completely remove DO (data not shown), nearly completely 
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remove nitrate, and remove about 38 μg/L perchlorate (75% removal) (Figure 4.2, B).  
Because of the experience with the bench-scale BAC reactor, phosphorus was added to 
the pilot-scale BAC reactor beginning on Day 97 (150 μg/L phosphoric acid as P).  The 
effluent nitrate concentration immediately dropped below the detection limit, and the 
effluent perchlorate concentrations fell below the detection limit within about 16 days. 
 
4.3.2. Microbial Communities in the Bench- and Pilot-scale BAC Reactors 
Betaproteobacteria was the dominant bacterial phylum in the bench-scale BAC reactor 
both before (Day 100, 70.3%) and after (Day 244, 91.7%) the phosphorus addition on 
Day 115 (Table 4.2 and Figure 4.3).  In contrast, significant shifts in microbial 
community structure occurred at the genus level after the phosphorus addition.  The clone 
library results in Table 4.2 showed that, after phosphorus addition, the relative abundance 
of clones closely related to Dechloromonas and Azospira increased from 15.2 and 0.6% 
to 54.2 and 11.7%, respectively.  Because most members of these two genera can use 
oxygen, nitrate, and perchlorate as electron acceptors (Coates and Achenbach, 2004), it is 
believed that phosphorus addition enhanced nitrate and perchlorate removal (Figure 4.2 A) 
by promoting and maintaining high levels of Dechloromonas and Azospira.  Clones 
closely related to the genus Zoogloea made up 7.3 and 7.5% of the total bacterial clones 
before and after phosphorus addition.  The changes in Dechloromonas and Azospira were 
considered significant (p < 0.01), whereas the change in Zoogloea was not significant (p 
= 0.54). 
Betaproteobacteria was also the dominant phylum in the pilot-scale BAC reactor 
(Table 4.2 and Figure 4.3).  Eight bacterial phyla were detected before phosphorus 
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addition, while only four remained after phosphorus addition, indicating a decrease in 
microbial richness at the phylum level (Table 4.2).  The clone library results showed that 
Dechloromonas strains were the only known PRB in the pilot-scale BAC reactor, and the 
relative abundance of the clones closely related to Dechloromonas decreased from 7.1% 
to 0.6% after phosphorus addition.  Different from the bench-scale BAC reactor, the 
pilot-scale BAC reactor did not contain any Azospira-like clones.  Opposite to the trend 
for the Dechloromonas clones, the relative abundance of the clones closely related to 
Zoogloea increased from 17.9% to 52.0% after phosphorus addition.  Both changes were 
statistically significant (p < 0.01). 
The phylotypes of the Dechloromonas clones were different in the two BAC 
reactors.  All the Dechloromonas clones detected in the bench-scale BAC reactor (i.e., 
both before and after phosphorus addition) belonged to the CKB type (Figure 4.4) 
(Coates and Achenbach, 2004).  In contrast, the Dechloromonas clones in the pilot-scale 
BAC reactor belonged to both CKB and RCB type (Figure 4.4). 
 
4.3.3. Comparison of Microbial Community Structures 
Genus level analyses revealed the effects of phosphorus addition on bacterial community 
structures in the two BAC reactors.  In Figure 4.5, the Chao 1 and ACE indices for the 
bench-scale BAC reactor dropped from 209 and 161 to 82 and 95, respectively, 
suggesting decreases in microbial richness after phosphorus addition.  The Shannon-
Weiner and Inverse Simpson’s indices decreased from 3.77 and 38 to 2.93 and 12, 
indicating the microbial diversities had decreased after phosphorus addition.  Similar 
trends were observed for the pilot-scale BAC reactor, although less profound.  The 
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rarefaction curves in Figure 4.5 showed that, for the levels of sampling effort used, the 
microbial richness was similar in the bench- and the pilot-scale BAC reactors before 
phosphorus addition, and the microbial richness had decreased in both reactors after 
phosphorus addition.  Note that none of the four rarefaction curves leveled off completely, 
suggesting that further sequencing would have resulted in more OTUs.  In addition, 
changes in microbial composition after phosphorus addition were observed for both 
reactors in Table 4.2, and this observation was statistically confirmed by the results using 
∫-LIBSHUFF.  In Table 4.3, all the comparisons had p values less than 0.05, indicating 
that phosphorus addition caused significant microbial community shifts in both reactors. 
 
4.3.4. Microbial Population Dynamics in the Bench-scale BAC  
Real-time PCR measurements showed that the relative abundance of Dechloromonas spp. 
in the bench-scale BAC reactor started to increase immediately after the phosphorus 
addition and continued to increase for about 20 days (11.3% on Day 0 and 150.3% at Day 
20, Figure 4.6 A).  The relative abundance of Azospira spp. also started to increase 
immediately after phosphorus addition and followed an increasing trend during the 
course of the experiment (<0.1% on Day 0 and 1.2% on Day 20, Figure 4.6 B).  On two 
occasions, Day 10 and 16, the relative abundances of Azospira were higher than the 
predominant trend. 
The total amount biomass in the bench-scale BAC reactor increased after 
phosphorus addition.  With the assumption of a net yield of 0.4 g CODbiomass / g 
CODacetate (Choi et al., 2007), the total biomass yield inside the reactor during one 
backwash cycle (i.e., 48 h) was estimated to be 153.4 mg before phosphorus addition 
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(average from Day 72 to 115) and 311.3 mg after phosphorus addition (average from Day 
130 to 156). 
 
4.4. Discussion 
The PRB that have been isolated so far are phylogenetically diverse and include species 
within the Alpha-, Beta-, and Epsilonproteobacteria (Coates and Achenbach, 2004).  In 
this study, two genera within the phylum of Betaproteobacteria, Dechloromonas and 
Azospira, were detected in the bench-scale BAC reactor, while Dechloromonas strains 
were the only known PRB observed in the pilot-scale BAC reactor.  The dominance of 
these two genera in bioreactors fed acetic acid has also been reported in a previous study, 
in which approximately 23% and <1% of the bacterial domain belonged to the genera 
Dechloromonas and Azospira, respectively (Zhang et al., 2005). 
After phosphorus addition, while the perchlorate removal efficiency of the pilot-
scale BAC reactor increased from 33% to 100%, the relative abundance of 
Dechloromonas, the only known PRB in the system, decreased from 7.1 to 0.6%.  One 
explanation for this unanticipated result is that the pilot-scale BAC reactor did not need a 
large population of PRB in its microbial community, given the fraction of perchlorate as 
part of the total concentration of electron acceptors was low (75 μg/L perchlorate vs. 7 
mg/L DO and 25 mg/L nitrate).  If so, other bacterial populations in the microbial 
community would have been responsible for removing oxygen and nitrate, while 
Dechloromonas spp., even at a very low abundance, completely removed perchlorate.  
The genus Zoogloea was the most abundant population (52.0%) in the pilot-scale BAC 
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reactor after phosphorus addition.  The genus Zoogloea has been found to be able to 
utilize oxygen and nitrate as electron acceptors (Xie and Yokota, 2006).  Therefore, the 
increase in Zoogloea abundance may have contributed to the improvement of perchlorate 
removal by removing competing electron acceptors in the pilot-scale BAC reactor. 
The difference in influent microbial composition between bench- and pilot-scale 
BAC reactors possibly was responsible for the different responses of the two reactors to 
phosphorus addition.  The bench-scale BAC reactor was fed synthetic groundwater made 
of deionized water, while the pilot-scale BAC reactor was fed real California 
groundwater.  The synthetic groundwater likely contained a lower level of bacterial 
diversity than the real groundwater.  Therefore, when fed the synthetic groundwater, the 
functionally versatile bacterial genera Dechloromonas and Azospira, both of which can 
utilize all three electron acceptors, thrived in the bench-scale BAC reactor.  In 
comparison, with the continuous influent of the real groundwater, which likely contained 
the genus Zoogloea (Hendrickx et al., 2005; Takahata et al., 2006), the constantly 
replenished Zoogloea population inside the pilot-scale BAC reactor outcompeted other 
bacterial populations and became the most dominant species after phosphorus addition. 
Although the ability of Zoogloea to reduce perchlorate has not been demonstrated, 
the possibility of this genus being capable of doing so cannot be ruled out.  A recent 
environmental genomic study reveals that functional chlorite dismutase, a key enzyme in 
the microbial pathway of perchlorate reduction, exists in a nitrite-oxidizing bacterial 
species (Maixner et al., 2008).  Up to date, Zoogloea genomes have not been sequenced, 
so it is not possible to check whether genes related to (per)chlorate reductase and chlorite 
dismutase are present in the species of this genus.  If the Zoogloea spp. can utilize 
116 
perchlorate as an electron acceptor, then the elevated relative abundance of Zoogloea spp. 
could account for the improved perchlorate removal in the pilot-scale reactor, through a 
mechanism similar to the increases in Dechloromonas and Azospira spp. in the bench-
scale BAC reactor after phosphorus addition.  Furthermore, the trends in the change of 
the total PRB populations, including all three genera (i.e., Dechloromonas, Azospira, and 
Zoogloea), would be similar for the two reactors.  
The results obtained with real-time PCR experiments did not quantitatively agree 
with those from clone library experiments, although the same qualitative trend was 
observed with both methods.  It is not uncommon to have discrepancy between 
quantitative  results obtained with two very different molecular methods (Segawa et al., 
2005).  The relative abundance higher than unit observed for the bench-scale reactor on 
Day 20 was likely due to the coverage of the bacterial primer (Supplemental Table 4.1). 
Similar to what was reported for a natural system (Cebron et al., 2007), a decrease 
in microbial diversity in response to nutrient addition (i.e., phosphorus) was observed in 
the two BAC reactors.  This observation may be relevant when evaluating the quality of 
finished drinking water produced by these systems.  The microbial community structures 
inside the BAC reactors determine the microbial community structure in the reactor 
effluents.  Low microbial diversities in reactor effluents may benefit the downstream 
disinfection step, because lower microbial diversity is likely associated with lower 
probability of the presence of strains resistant to disinfection.  After phosphorus addition, 
the relative abundance of Betaproteobacteria further increased, consistent with findings 
in another study (Salcher et al., 2007); Gammaproteobacteria, a phylum that contains 
many pathogenic bacteria (Mrazek et al., 2006), almost completely disappeared.  In 
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addition, gram-positive bacteria (i.e., Firmicutes) were not detected in the bench-scale 
system and were found only at very low levels in the pilot-scale system.  Because gram-
positive bacteria are usually more resistant to disinfectants than gram-negative bacteria 
(Lechevallier et al., 1980), the low abundance of gram-positive bacteria suggested that 
efficient disinfection of BAC reactor effluent is possible. 
Many drinking water treatment plants allow their GAC filters to be biologically 
active by utilizing limited electron donors indigenous to source waters.  These 
biologically active GAC beds are considered nutrient-poor environments in terms of 
carbon and phosphorus, two controlling factors for many biological systems.  Although 
such environments can limit the quantity of biomass accumulated and therefore may 
result in lower bacterial abundance in reactor effluents, they may select for a higher 
microbial diversity, increasing the chance for resistant bacteria to survive disinfection and 
thrive in distribution systems.  Pang and Liu compared the bacteria that developed in 
meso- and low-substrate environments, and found the latter selected for microorganisms 
that are more adapted to survive in similar environments (e.g., distribution systems) 
(Pang and Liu, 2006).  The results and discussion presented in this work suggested that 
properly controlled addition of electron donor and nutrients to bioreactors can promote 
beneficial microbial activities (i.e., contaminant removal) and result in low-diversity 





Table 4.1.  Sequences and annealing temperatures of the real-time PCR primer sets used 
in this study. 
Target Primer Name1, 2 Sequence (5’ to 3’) Annealing 
temp. (°C) 
Source 
Dechloromonas Forward S-G-Dchm-0146-a-S-24 TAT-CGG-AAC-GTA-
CCT-TTC-AGT-GGG 
67.0 This study 
 Reverse S-G-Dchm-0248-a-A-24 GCT-AAT-CTG-ATA-
TCG-GCC-GCT-CAA 
 This study 
Azospira Forward S-G-Azsp-1009-a-S-24 TAC-CCT-TGA-CAT-
GCC-AGG-AAC-TTT 
68.0 This study 
 Reverse S-G-Azsp-1163-a-A-24 CGG-CAG-TCT-CAT-
TAA-AGT-GCC-CAA 
 This study 
Bacteria Forward S-D-Bact-1369-a-S-18 CGG-TGA-ATA-CGT-
TCY-CGG 
56.0 (Suzuki et 
al., 2000) 
 Reverse S-D-Bact-1492-a-A-19 GGW-TAC-CTT-GTT-
ACG-ACT-T 
 (Suzuki et 
al., 2000) 
1. The primers were named according to standardized nomenclature by Alm and coworkers (Alm et al., 
1996). 
2. The target locations of the primers in the 16S rRNA gene were determined based on Escherichia coli 
numbering (Brosius et al., 1981). 
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Table 4.2.  Phylogenetic affiliation of the clones in the four clone libraries (%). 
 Bench-scale BAC Reactor Pilot-scale BAC Reactor 












Alphaproteobacteria 6.7 3.3 14.1 - 
Betaproteobacteria 70.3 91.7 70.5 96.0 
Dechloromonas 15.2 54.2 7.1 0.6 
Azospira 0.6 11.7   
Zoogloea 7.3 7.5 17.9 52.0 
Propionivibrio    1.1 
Ferribacterium 2.4 5.0 7.1 2.8 
Unclassified Rhodocyclaceae 26.1 10.0 3.2 0.6 
Unclassified Oxalobacteraceae 6.1    
Acidovorax 7.9    
Hydrogenophaga 1.2  0.6 2.3 
Simplicispira    0.6 
Curvibacter  1.7   
Unclassified Comamonadaceae 1.2  5.1 25.4 
Aquabacterium   9.6  
Pelomonas  0.8   
Ideonella   1.9  
Unclassified Incertae sedis 5   15.4 2.3 
Unclassified Burkholderiales 1.2  1.3 3.4 
Unclassified Betaproteobacteria 1.2 0.8 1.3 5.1 
Deltaproteobacteria 12.7 1.7 3.2  
Gammaproteobacteria 9.1  1.3 0.6 
Unclassified Proteobacteria   3.2 0.6 
Acidobacteria  0.8 1.3  
Bacteroidetes   1.9 1.1 
Chloroflexi   0.6  
Firmicutes   1.3 0.6 
Spirochaetes 0.6    
Unclassified Bacteria 0.61 2.52 2.63 1.1 
Total Clones 165 120 156 177 
1. included one clone that was classified as “unrooted”. 
2. included two clones that were classified as “unrooted”. 
3. included one clone that was classified as “unrooted”. 
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Table 4.3.  Values of p estimating the similarity between the two bacterial clone libraries 
using ∫-LIBSHUFF. 
Bacterial clone library (X) p value comparison of clone library (Y) with X1 
 Bench Pre-P Bench Post-P Pilot Pre-P Pilot Post-P 
Bench-scale BAC Pre-P  0.0000 0.0000 0.0000 
Bench-scale BAC Post-P 0.0073  0.0000 0.0000 
Pilot-scale BAC Pre-P 0.0000 0.0000  0.0000 
Pilot-scale BAC Post-P 0.0000 0.0000 0.0105  

















1. The primers were named according to standardized nomenclature by Alm and co-workers (Alm et al., 1996). 
2. The location of the primers were determined based on Escherichia coli numbering (Brosius et al., 1981). 
3. Coverage = “Target Hit” / “Total Target”.  “Total Targets” are the total numbers of target clones in corresponding clone libraries.  The denominator for the 
Azospira primer set (i.e., 13) is different from the number calculated from Table 4.2 (i.e., 14), because Table 4.2 was based on the early half of the 16S rRNA 
gene sequence, whereas the Azospira primer set is targeting the late half of the 16S rRNA gene sequence.  The denominator for the Dechloromonas primer set 
(i.e., 67) is slightly different from the number calculated from Table 4.2 (i.e., 65). 
4. Specificity = “Target Hit” / “Total Hit”.  “Total Hits” are the number of hits obtained from the Probe Match function on RDP (Cole et al., 2007) in August 2008.  
5. Not available.  The PCR primers used to construct the clone libraries were 8F and 1387R, which does not cover the region around 1492.  Therefore, the 
coverage of the 1492R primer in the clone libraries is not available. 
6. For the bacterial primer set, specificity is not measured. 
 
Target 
(16S rRNA gene) 
F/R Systematic Name1, 2 Abbreviated 
Name 
Coverage in the 
clone library for 
bench-scale 
BAC Day 1003 
Coverage in the 
clone library for 
bench-scale 
BAC Day 2443 
Specificity4 
Dechloromonas F S-G-Dchm-0146-a-S-24 Dchm0146F 24/25 67/67 184/351 
 R S-G-Dchm-0248-a-A-24 Dchm0248R 25/25 66/67 227/426 
Azospira F S-G-Azsp-1009-a-S-24 Azsp1009F 1/1 10/13 45/185 
 R S-G-Azsp-1163-a-A-24 Azsp1163R 1/1 10/13 45/1046 
Bacteria F S-D-Bact-1369-a-S-18 Bact1369F 138/163 101/129 -- 6 





Figure 4.1.  Schematics of both the bench- and the pilot-scale biological drinking water 
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Figure 4.2.  Reactor performance of the bench-scale BAC reactor (A) and the pilot-scale 



































Figure 4.3.  Fractions of the four subclasses of the Proteobacteria in the bench- and pilot-




Figure 4.4.  Phylogenetic tree of perchlorate reducing bacteria in the two systems before 
and after phosphorus addition.  The two numbers in each parenthesis represent the 
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Bench-scale Pre-P 159 65 209 (122, 423) 161 (113, 259) 3.77 38 
 Post-P 115 36 82 (51, 175) 95 (59, 186) 2.93 12 
Pilot-scale Pre-P 155 70 152 (106, 256) 161 (117, 245) 3.90 47 
 Post-P 176 61 105 (79, 167) 120 (90, 183) 3.59 25 
a. OTUs defined as 5% difference in 16S rRNA gene sequences. 
b. Mean values with upper and lower 95% confidence intervals given in parentheses. 
Figure 4.5.  Rarefaction curves indicating bacterial 16S rRNA richness within clone 
libraries from the bench- and the pilot-scale BAC reactors before and after phosphorus 
addition.  The dashed line represents 1:1, indicating infinite diversity.  The table lists the 
bacterial 16S rRNA sequence diversity indices.  OTUs were defined as groups of 
sequences sharing 95% 16S rRNA sequence identity.  The estimates of phylotype 
richness were calculated according to the abundance-based coverage estimate (ACE) and 
the bias-corrected Chao1 estimator.  The Shannon-Weiner diversity index and the Inverse 
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Figure 4.6.  Changes in relative abundance of Dechloromonas spp. (A) and Azospira spp. 
(B) in the bacterial community of the bench-scale BAC reactor relative to the day that 






























Supplemental Figure 4.1.  The schematic of the entire pilot-scale system in California.  










































Supplemental Figure 4.2  Characterizations on the primer sets for Dechloromonas (A) 
and Azospira (B).  The numbers in parentheses represents the numbers of mismatches of 
each template with the corresponding forward and reverse primers, respectively.  For the 
non-targets, at some annealing temperatures the PCR reaction did not generated enough 
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Supplemental Figure 4.3.  Standard curves for the primer sets designed for 
Dechloromonas and Azospira, and for the bacterial primer set.  Error bars represent 
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5 Chapter 5 
 
 
Operation of a Biologically Active Carbon Reactor to Treat 
Nitrate and Perchlorate Contaminated Drinking Water 
5.1 Introduction 
During the last decade, the presence of perchlorate (ClO4-) in drinking water sources 
(Richardson, 2003) has received much attention because of its adverse health effects 
(Greer et al., 2002).  Perchlorate is introduced to the environment through human 
activities (Urbansky, 2002) and natural processes (Dasgupta et al., 2005).  It has been 
added to US EPA’s drinking water contaminant candidate list (US-EPA, 2008) and is 
regulated by some states (CA-DHS, 2005; US-EPA, 2005; MA-DEP, 2006) at various 
levels ranging from 1 to 18 μg/L.  Abiotic and biological treatment methods have been 
developed to remove perchlorate from drinking water.  Abiotic treatment options include 
the use of ion exchange resins (Venkatesh et al., 2000; Gu et al., 2001), granular activated 
carbon (GAC) (Chen et al., 2005), and zero valent iron nanoparticles (Xiong et al., 2007).  
Biological treatment methods rely on perchlorate reducing bacteria (Coates and 
Achenbach, 2004) to convert perchlorate into non-toxic chloride (Nerenberg et al., 2002; 
Brown et al., 2003; Min et al., 2004).  Compared to ion exchange and GAC adsorption, 
biological treatment can achieve consistent perchlorate removal without the need for 
136 
regeneration ofion exchange resins or GAC and avoid the need to treat or dispose 
concentrated waste streams (Brown et al., 2002; Xu et al., 2003).  Another advantage of 
biological treatmentmethods is their potential to remove multiple pollutants 
simultaneously (Nerenberg and Rittmann, 2004). 
Compared to other bioreactor configurations, biologically active carbon (BAC) 
reactors have the advantages of easy implementation and reliable performance.  These 
systems are readily accepted and can be easily implemented by the drinking water 
industry because many drinking water treatment plants already employ GAC filters for 
advanced treatment.  If bacterial proliferation on the GAC surface is allowed or promoted, 
then GAC filters can become biologically active and evolve to BAC treatment systems 
(Bouwer and Crowe, 1988).  Many drinking water treatment plants employ pre-ozonation 
to transform refractory natural organic matter (NOM) into biodegradable dissolved 
organic carbon (BDOC) before GAC filtration, thus promote bacteria to grow on GAC 
surfaces by providing them with BDOC as electron donor substrates (Urfer et al., 1997).  
However, the BAC system used in the current study is different from the filters that 
become biologically active when ozonation precedes GAC filtration: the former system is 
supplied with an external electron donor to support microbial activity, while the latter 
type utilizes the BDOC produced through oxidation of NOM present in the source water.  
In addition to the wide acceptance by the drinking water industry, the adsorption capacity 
of the GAC surface is beneficial and provides additional treatment capacity that results in 
reliable performance, primarily due to three reasons: (1) contaminants that cannot be 
removed biologically can be removed by adsorption (Weber, 1974); (2) contaminants that 
are toxic or inhibitory to microbial activity can be adsorbed so that the microbes on the 
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GAC surface are exposed to lower concentrations (Ehrhardt and Rehm, 1985); and (3) 
during dynamic or unfavorable operating conditions (e.g., pulse increase in the 
concentration of competing electron acceptors or accidental interruption of electron donor 
addition), removal of contaminants can be maintained temporarily because of adsorption 
(Choi et al., 2008). 
Most previous studies on biological perchlorate removal from drinking water have 
concentrated primarily on system optimization with a focus on the removal of perchlorate, 
and have not considered other aspects of effluent water quality.  However, some aspects 
of biological drinking water treatment, such as the addition of electron donor to promote 
microbial growth, have direct and indirect impacts on the chemical and biological 
properties of finished water.  Excess electron donor ends up in reactor effluents, which 
raises concerns about the biological stability of the finished water in drinking water 
distribution systems.  Therefore, the benefits of high influent electron donor 
concentrations to promote biological activity inside the bioreactors need to be balanced 
with the need of having low effluent electron donor concentrations to minimize the 
impact on microbial growth in distribution systems.  In addition, because microbes from 
the bioreactors may end up in reactor effluents, microbial safety is a concern without 
adequate post-treatment.  Brown recognized these concerns and initiated a study to 
evaluate the need for post-treatment after BAC treatment of perchlorate contaminated 
drinking water (Brown, 2002), however, additional work is needed. 
The current study evaluates the operation of a bench-scale BAC system for 
perchlorate and nitrate removal with respect to chemical and biological properties of 
reactor effluent.  Specifically, intermittent electron donor addition was tested to evaluate 
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the robustness of perchlorate and nitrate removal by this BAC reactor and to minimize 
the electron donor residual in the effluent.  Furthermore, bacterial inactivation kinetics 
using monochloramine as the disinfectant were determined to study if regular disinfection 
practice can inactivate bacteria in BAC reactor effluents. 
 
5.2 Materials and Methods 
5.2.1 Intermittent Electron Donor Addition Experiment 
The configuration of the bench-scale BAC reactor, the baseline operating conditions of 
the reactor, and the analytical method for liquid samples have been introduced in Chapter 
4.  Intermittent addition of acetic acid (HAc) to the BAC reactor was tested by dividing 
one backwash cycle (i.e., 48 hours) into four periods.  Each 12-hour period consisted of a 
6-hour acetic acid addition at a concentration twice the stoichiometric requirement (i.e., 
26 mg/L acetic acid as C) followed by acetic acid addition at a concentration half the 
stoichiometric requirement (i.e., 6.5 mg/L as C) for 6 hours.  Effluent samples were taken 
1, 3, and 5 hours each time after each change in influent acetic acid concentration. 
The decision to use an acetic acid concentration twice the stoichiometric 
requirement was determined experimentally using batch tests in sealed serum bottles 
which separated air exchange with ambient atmosphere and contained synthetic 
groundwater with various concentrations of electron donor in a final volume of 100 mL.  
In order to elucidate the correlation between nitrate/perchlorate removal rates and 
electron donor concentration, it was critical to ensure that the same amount of biomass 
was added to each serum bottle.  To this end, four replicate serum bottles each containing 
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5 g wet weight of BAC particles and 100 mL influent of the BAC system (i.e., 20 mg/L 
of acetic acid in synthetic groundwater) were monitored with respect to nitrate and 
perchlorate concentrations.  The resulting concentration profiles were nearly identical 
(data not shown), indicating that the same amount of biomass was added to each serum 
bottle, and demonstrating that controlling BAC wet weight was an effective means to 
control biomass.  Therefore, 10 g wet weight of BAC was added to each of the eight 
batch tests with electron donor concentrations of 0, 0.3, 0.6, 1, 1.5, 2, 2.5 and 3 times the 
stoichiometric requirement.  The nitrate and perchlorate concentration profiles in each 
batch test were plotted and fitted in the software Kaleidagraph (Synergy Software, 
Reading, PA) using an exponential decay model with R2 values higher than 0.95 (Figure 
5.1).  The fitted curves were used to calculate the initial nitrate and perchlorate removal 
rates, which were also the maximum removal rates, at time zero (Figure 5.1).  The initial 
removal rates were plotted against electron donor concentrations tested. 
 
5.2.2 Adsorption Isotherm Experiment 
Prior to the experiment, GAC was dried at 105°C overnight and all experimental devices 
were sterilized using an autoclave.  Because the adsorbate (i.e., acetic acid) is an acid, the 
adsorption solutions that contained various concentrations of acetic acid were buffered 
using a 0.03 M phosphate buffered saline (PBS) at pH 7.40-7.65, a range close to the pH 
of the bench-scale BAC reactor (i.e. 7.5-7.9).  Among eight 125 mL amber glass bottles, 
six were used to determine an adsorption isotherm (i.e., 4, 10, 20, 40, 100, and 200 mg/L 
acetic acid as C), one to verify that adsorption equilibrium had been reached (K bottle), 
and one to serve as a negative control with no GAC (B bottle).  Eight grams of dried 
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GAC was added to the amber bottles except the one for the negative control.  Each bottle 
was completely filled with adsorption solution.  1 mL adsorption solution was collected 
at time zero from each amber bottle for IC measurement.  1 mL sample was taken from 
the K bottle each day.  After equilibrium was reached on day 8, 1 mL sample was taken 
from each bottle to measure the final acetic acid concentrations. 
A Freundlich adsorption isotherm was used to describe the adsorption behavior of 
acetic acid to fresh GAC at the pH range of 7.40-7.65. 
n
ee CKq
/1×=          (1) 
where Ce is the equilibrium concentration of adsorbate in solution, and qe is the 
equilibrium adsorbent-phase concentration of adsorbate (mg HAc as C / g of GAC dry 
weight), K is Freundlich adsorption capacity parameter (mg/g)(L/mg)1/n, and 1/n is 
dimensionless Freundlich adsorption intensity parameter. 
 
5.2.3 Mass Balance Calculation 
The assumptions made in calculating acetic acid adsorption/desorption on the GAC 
surface inside the BAC reactor are the following: 
• Instantaneous equilibrium was reached after the influent acetic acid concentration 
was changed in the intermittent electron donor experiment, and Ce=13 mg/L HAc 
as C. 
• The adsorption capacity of BAC is half of that for GAC: KBAC=0.5×KGAC, and the 
adsorption intensity of BAC approximately equals that of GAC: 
(1/n)BAC≈(1/n)GAC (Zhao et al., 1999). 
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• The acetic acid adsorbed on the GAC surface during the stages of high influent 
acetic acid concentrations was 100% desorbed for microbial utilization during the 
succeeding stages of low influent acetic acid concentrations. 
The assumptions made in calculating polyhydroxybutyrate (PHB) formation/consumption 
and the parameters adopted from the literature are the following:  
• During the feast phase, the ratio of PHB formation to acetic acid supply is 0.68 g 
COD-PHB/g COD-HAc, which is equivalent to 0.43 g PHB/g HAc (Beccari et al., 
1998; Beun et al., 2002). 
• During the famine phase, about 81% of the PHB formed in the feast phase is 
consumed for cell synthesis (Beun et al., 2002). 
 
5.2.4 Disinfection Experiment 
Monochloramine was prepared using sodium hypochlorite and ammonium chloride by 
following the protocol presented in (Driedger et al., 2001), quantified using the DPD 
titrimetric method (American Public Health Association (APHA), 1992), and added to 
disinfection experiments at a final concentration of 4 mg/L as Cl2.  Disinfection 
experiments were performed in 250 mL Erlenmeyer flasks wrapped with aluminum foil 
and placed in a recirculating water bath set at 20 °C.  The pH of the solution used in the 
disinfection experiments was maintained at 8.0 using phosphate buffered saline (PBS).  
Samples were taken from the disinfection experiment at various time points.  The 
samples were added to dilution water (American Public Health Association (APHA), 
1992), which contained sodium thiosulfate to stop the inactivation reaction by quenching 
the monochloramine residual.  Heterotrophic plate count (HPC) using R2A agar 
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(American Public Health Association (APHA), 1992) was used to determine the viable 
microbial counts. 
The inactivation kinetic curve was constructed based on a two population model, 
first reported by (Luh and Marinas, 2007) who used it to describe the inactivation of 














N −− ×+×=       (2) 
where N0 and N are HPC values in colony forming units (CFU) at time zero and time t, 
respectively, after a disinfection experiment occurs.  Luh and Marinas used N1,0/N0 and 
N2,0/N0 to denote the fractions of susceptible and resistant M. avium cells, respectively.  
In this study, we used these two symbols to denote the fractions of individual cells and 
cell aggregates in the BAC reactor effluent.  k1 and k2 are the rates of inactivation for the 
individual cells and cell aggregates, respectively, and CT is the product of the 
monochloramine concentration and the time of disinfection in min×mg/L. 
 
5.3 Results 
5.3.1 Intermittent Electron Donor Addition 
The batch tests indicated that nitrate and perchlorate removal rates increased with the 
concentration of electron donor.  In Figure 5.2, the electron donor concentrations are 
expressed in “times the stoichiometric requirement”.  For example, in the batch test with 
a value of 2, the electron donor concentration was twice the concentration that was 
needed to stoichiometrically reduce all electron acceptors.  As shown in Figure 5.2, the 
nitrate removal rate averaged 7.48 mg/L per hour when the electron donor concentrations 
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were between 0 and 1 time the stoichiometric requirement.  The rate was slightly higher 
at 1.5 and substantially higher at 2 and above.  A similar trend was observed for the 
perchlorate removal rate.  The electron donor concentration corresponding to 2 times the 
stoichiometric requirement was chosen for the feast stage of the intermittent electron 
donor addition experiment, because (i) both nitrate and perchlorate removal rates were 
substantially higher than those at lower concentrations; (ii) a concentration higher than 2 
may result in too much electron donor in excess exceeding the capacity of the electron 
donor reservoirs, i.e., adsorption on the GAC surface and formation of storage material in 
cells. 
The intermittent electron donor addition pattern was evaluated using the bench-
scale BAC reactor within one 48-hour backwash cycle.  Before the intermittent addition 
experiment, which started at time zero in Figure 5.3, the BAC reactor was operated using 
the baseline operating conditions (i.e., 20.0 mg/L acetic acid as C).  During this time, the 
reactor completely reduced the three electron acceptors and had an effluent acetic acid 
residual concentration close to the expected value (i.e., 3.9 vs. 6.5 mg/L acetic acid as C).  
During the intermittent experiment, each time the influent acetic acid concentration was 
switched from half the stoichiometric concentration to twice the stoichiometric 
requirement (i.e., 6.5 to 26 mg/L acetic acid as C), the effluent acetic acid concentration 
gradually, rather than immediately, increased from 0 towards 13 mg/L acetic acid as C.  
13 mg/L was the expected effluent acetic acid concentration when the influent acetic acid 
concentration was twice the stoichiometric requirement and when no reservoir for 
electron donor was present in the system.  During the feast periods when acetic acid was 
added in excess, effluent nitrate and perchlorate concentrations remained below the 
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detection limits.  When the influent acetic acid concentration was switched to half the 
stoichiometric requirement, the effluent acetic acid concentration quickly dropped to 
below the detection limit.  The effluent nitrate and perchlorate concentrations remained 
zero for one hour after the switch, and then gradually increased.  After the intermittent 
experiment ended, reactor operation was returned to the baseline operating conditions and 
the performance was similar to that observed before the intermittent experiment. 
 
5.3.2 Adsorption Isotherm 
In order to explain the effluent acetic acid and nitrate/perchlorate concentration profiles 
in Figure 5.3, the GAC adsorption capacity of acetic acid was investigated by obtaining 
an adsorption isotherm of acetic acid at a pH relevant for this study.  Because of the 
limited amount of BAC (200 mm3) available in the bench-scale reactor, the adsorption 
isotherm was obtained using virgin F816 GAC, the same type of GAC from which BAC 
was developed.  The adsorption isotherm experiment revealed that acetic acid was able to 
adsorb onto the GAC surface at pH values between 7.40 and 7.65, as shown in Figure 5.4.  
The range of the tested concentrations for the adsorption isotherm was relevant to the 
operating conditions of the bench-scale BAC reactor.  The Freundlich adsorption 
isotherm equation calculated from the experimental data is:  
8771.031050.1 ee Cq ××=
−        (3) 
An effort was made to use the information from the Freundlich adsorption 
isotherm to explain the profiles in Figure 5.3.  However, even with the most aggressive 
assumptions, which were reported in Materials and Methods, GAC adsorption alone 
cannot fully explain the phenomenon.  Therefore, the possibility that some bacteria in the 
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BAC reactor produce storage materials, such as polyhydroxybutyrate (PHB), during the 
feast stages was investigated as another possible mechanism by which acetic acid can be 
temporarily “stored” when it is provided in excess and be consumed when its 
concentration becomes limiting. 
 
5.3.3 Calculation on Formation of Storage Materials and Overall Mass Balance 
Calculations show that cellular storage material production and consumption could play a 
significant role in leading to the profiles shown in Figure 5.3, when acetic acid was 
provided in an intermittent pattern.  As shown in Figure 5.5, when the influent acetic acid 
concentration was twice the stoichiometrically required concentration during a 6-hour 
feast period, half of the influent acetic acid was used to reduce three electron acceptors 
and synthesize cell mass, about 14.63 mg acetic acid ended up in the reactor effluent, and 
the rest of the acetic acid was either adsorbed onto the GAC surface or transformed by 
bacteria into cellular storage materials, likely PHB (Eynde et al., 1984).  When the 
influent acetic acid concentration was half the stoichiometrically required concentration, 
the amount of acetic acid needed, based on the amount of electron acceptors reduced, was 
about 33.04 mg.  We assume that acetic acid was provided from three sources: 17.55 mg 
from the acetic acid provided in the influent, 14.70 mg from intracellular storage material, 
and 0.79 mg from desorption from the GAC surface (Figure 5.5).  The values of acetic 
acid corresponding to PHB production/consumption were balanced values.  To verify the 
mass balance, conversions between acetic acid and PHB during feast/famine conditions 
were calculated.  Based on assumptions provided in the Materials and Methods, 19.67 mg 
acetic acid as C could be converted to 21.15 mg PHB during the feast stage.  In the 
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famine stages, 17.13 mg PHB − 81% (Beun et al., 2002) of the 21.15 mg PHB produced 
previously − should approximate 14.70 mg acetic acid as C.  Given that the bacterial 
growth rate on PHB is usually lower than that on the original substrate (van Loosdrecht et 
al., 1997), the approximation seemed reasonable. 
 
5.3.4 Inactivation Kinetics 
Microscopic observation of the biomass in BAC reactor effluents showed that the 
majority of the microbes were free cells, while cell aggregates as large as a couple of 
hundred μm in dimension also existed (data not shown).  The total cell number 
determined using the HPC method was 2.6×105 colony forming units (CFU). 
The inactivation kinetics experiment showed that there were two populations 
which responded differently with respect to kinetics when 4 mg/L monochloramine was 
used as the disinfectant (Figure 5.6).  The first population (filled symbols) was 
inactivated efficiently: 2-log decrease was achieved using a CT value less than 40 
mg×min/L.  In contrast, the second population (open symbols) was inactivated at a lower 
rate.  The overall disinfection kinetics of the community (two populations) was simulated 






     (4) 
where the values 0.989 and 0.011 are the estimates of the fractions of free cells and cell 




In order to evaluate the robustness of biological perchlorate/nitrate reduction activities 
inside BAC reactors and to minimize the electron donor residual in the effluent, an 
intermittent electron donor experiment was conducted.  Originally, GAC adsorption was 
believed to be the major reservoir for electron donor in the BAC reactor during dynamic 
operating conditions, such as in the intermittent experiment.  We hypothesized that when 
acetic acid was added in excess, the GAC could adsorb the acetic acid in excess and 
lower the concentration of electron donor in the reactor effluent; when acetic acid was 
added below the stoichiometric requirement, the acetic acid previously stored in the 
reservoir (i.e., the one adsorbed previously on the GAC) would be utilized by bacteria to 
achieve complete removal of nitrate and perchlorate, and the adsorption sites on GAC 
would be regenerated.  In addition, we expected that the perchlorate reducing bacteria 
mainly resided at the bottom of the biofilm, while the other heterotrophic bacteria 
dominated the surface of the biofilm.  Such model has been proposed in a mathematical 
simulation in which denitrifiers and other heterotrophic bacteria were classified as two 
groups (Kim et al., 2004).  The model has also been demonstrated in a fluorescence in 
situ hybridization analysis on biomass samples collected from a pilot-scale BAC reactor 
in which most Dechlorosoma spp. and a fraction of the Dechloromonas resided at the 
bottom of biofilm in a bioreactor, which was run to remove perchlorate with acetic acid 
as the sole electron donor (Zhang et al., 2005).  For our BAC system, if the PRB 
populations indeed mainly resided closer to the GAC surface, then the adsorbed acetic 
acid would be first utilized by PRB for perchlorate reduction. 
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The calculation from the GAC adsorption isotherm could not fully explain the 
concentration profiles in Figure 5.3, so another mechanism, production and consumption 
of intracellular storage materials by certain bacteria, was considered.  Storage has been 
studied in both pure cultures of bacteria (van Aalast-van Leeuwen et al., 1997) and in 
mixed bacterial cultures (Beccari et al., 1998).  The formation of storage materials 
usually occurs simultaneously with the conversion of electron donor in excess, and the 
consumption of the storage materials starts immediately after the depletion of electron 
donor in the bulk liquid phase (Krishna and Van Loosdrecht, 1999; Beun et al., 2002).  
The time scale of the intermittent addition experiment in this study is similar to those 
reported in other studies.  Estimates shown in Figure 5.5 indicate that the electron donor 
reservoir by formation of cellular storage material may play an important role in forming 
the profiles in Figure 5.3. 
Electron donor reservoirs (i.e., adsorption/desorption on GAC and 
production/consumption of cellular storage materials) promote robustness to biological 
processes and allow for lower electron donor concentrations in reactor effluent.  When 
acetic acid was added below the stoichiometric requirement, low effluent nitrate and 
perchlorate concentrations resulted from the utilization of electron donor stored in those 
reservoirs.  In fact, the non-zero nitrate and perchlorate removal rates at zero electron 
donor addition in Figure 5.2 likely resulted from the utilization of stored electron donor.  
Once stored electron donor was depleted, the emptied reservoirs became ready for the 
storage of electron donor during the next stage when acetic acid was added at twice the 
stoichiometric requirement.  However, the breakthrough of acetic acid during high stage 
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and the breakthrough of nitrate/perchlorate during low stage indicated that the capacity of 
the reservoirs, GAC adsorption and cellular storage materials, was limited. 
Disinfection of finished water from biological drinking water treatment has been 
studied previously (Pernitsky et al., 1995; Norton and LeChevallier, 2000).  In these 
earlier studies, biological treatment did not involve addition of external electron donor.  
In the current study, acetic acid was added as the electron donor to promote microbial 
growth in the BAC reactor.  The inactivation kinetics experiment showed two 
populations that responded to monochloramine disinfection differently.  The population 
with the slow inactivation kinetics was likely associated with cell aggregates in the 
reactor effluent.  In order to inactivate cell aggregates, all viable cells in the aggregates 
need to be inactivated, because any viable cells in an aggregate can lead to the formation 
of a colony in the HPC method.  Therefore, we speculate that it took a longer time to 
inactivate cell aggregates due to the diffusion of disinfectant into the centers of cell 
aggregates.  It is worth noting that, at the CT value of 150 min×mg/L, the HPC reading of 
the reactor effluent met the EPA dinking water standard for HPC (i.e., < 500 CFU/mL), 
which is regulated for drinking water facilities treating surface waters. 
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5.5 Figures  
 
Figure 5.1.  A sample figure showing the nitrate concentration profiles with simulated 
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Figure 5.2.  Nitrate and perchlorate removal rates as functions of electron donor in the 

















































Figure 5.3.  Results of effluent nitrate, perchlorate, and acetic acid from the intermittent 
electron donor addition experiment.  For simplicity, influent and effluent DO levels, 
which respectively remained at 7 mg/L and below the detection limit throughout the 
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Figure 5.4.  Adsorption isotherm for acetic acid adsorption on GAC (pH 7.40-7.65).  The 









































Figure 5.5.  Breakdown of source (positive values) and sink (negative values) of acetic 
acid within one feast and one famine stage in the intermittent electron donor addition 
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Figure 5.6.  Inactivation kinetics of BAC reactor effluent using (Cmonochloramine=4 mg/L, 
pH=8, at 20°C).  The curve corresponds to Equation 4.  The reported data points are the 
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6 Chapter 6 
 
 
Conclusions and Future Research 
6.1 Conclusions 
The main goal of this work was to apply environmental biotechnology complemented 
with studies on microbial communities to provide a feasible solution for the removal of 
oxy-anion contaminants from drinking water.  To reach the main goal, two objectives 
were established: (i) to optimize biofilm reactor operation using knowledge obtained 
from microbial community characterization, and (ii) to study the potential of biofilm 
reactors to produce high quality drinking water from water sources contaminated with 
perchlorate and nitrate.  The two objectives were approached through two lines of 
experiments that were conducted concurrently.  A series of biofilm reactors were studied 
with respect to the following factors: (i) design parameters (i.e., biofilm support material 
and reactor size); (ii) operating conditions (i.e., backwash, addition of nutrient and 
electron donor); and (iii) post-treatment (i.e., disinfection).  A number of microbial 
community studies were conducted using molecular techniques targeting the 16S rRNA 
and 16S rRNA gene (i.e., clone library and sequencing, real time PCR, and a solution-
based hybridization assay): (i) to elucidate how the microbial communities inside these 
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biofilm reactors responded to changes in design and operation factors; (ii) to determine 
how the microbial responses correlated to reactor performance; and (iii) to predict how 
the microbial composition inside bioreactors may affect post-treatment.  Results 
presented in this work demonstrated the potential of biological treatment for drinking 
water purposes.  Further research should head to achieve the ultimate goal of maximizing 
beneficial functions and minimize possible negative effects of microbial communities in 
engineered systems to provide high quality water. 
This study of biofilm reactors started with a comparison of two types of support 
materials for biofilm attachment: glass beads vs. GAC.  The former has an inert surface, 
while the latter can adsorb a variety of compounds that are relevant to biological 
processes.  To compare these two support materials, two reactors containing glass beads 
and GAC, respectively, were evaluated in terms of perchlorate reduction under dynamic 
influent compositions (i.e., short- and long-term high influent DO) (Appendix B).  During 
these dynamic phases, GAC could adsorb DO, a competing electron acceptor for 
perchlorate, and allowed biological perchlorate reduction to take place in the attached 
biofilm.  In contrast, biological perchlorate reduction stalled in the glass bead biofilm 
reactors under similar conditions.  In addition, in a separate experiment in which electron 
donor was added in an intermittent pattern, the GAC surface served as a reservoir for a 
fraction of the excess electron donor (Chapter 5).  In short, biofilm reactors using GAC as 
a support material for biofilm growth (i.e., BAC reactors) showed advantages under 
dynamic influent conditions due to the adsorption capacity of GAC. 
Changes in reactor operating conditions had short- and long-term impacts on the 
structure of microbial communities inside biofilm reactors, and consequently microbial 
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communities affected reactor performance at different time scales.  When the backwash 
frequency was increased (i.e., monthly to daily), the glass bead biofilm reactor initially 
lost a significant amount of biomass, and then the three most abundant bacterial genera 
exhibited different trends in relative abundance as a result of adjusting to the new 
backwash method (Chapter 3 and Appendix A).  In the meantime, reactor performance 
dropped in correspondence to the initial biomass loss, and then a gradual improvement 
was observed, likely resulting from the adjustment of the microbial community.  In 
contrast, when backwash intensity was elevated (i.e., normal to high intensity), the PRB 
population failed to adjust to the new operation, and its relative abundance dropped.  
Correspondingly, the reactor performance deteriorated. 
Phosphorus addition enhanced the performance of two BAC reactors; however, its 
impacts on the microbial communities of the two reactors were different (Chapter 4).  For 
the bench-scale BAC reactor, phosphorus addition improved perchlorate and nitrate 
reduction, which was coupled with the increases in the relative abundance of 
Dechloromonas and Azospira, two known perchlorate reducing bacterial genera.  In 
comparison, for the pilot-scale BAC reactor, phosphorus addition had a similar impact on 
reactor performance, but it caused a decrease in the relative abundance of 
Dechloromonas, the only PRB detected, and an increase in the relative abundance of 
Zoogloea.  The observed opposite trends in microbial responses of the two BAC reactors 
suggested that lab-scale experiments may not always be able to accurately describe or 
predict what happens in systems of a larger scale. 
The solution-based hybridization assay using PNA MB probes showed its 
potential to quantify 16S rRNA in environmental samples (Chapter 2).  The hybridization 
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kinetic experiments showed faster kinetics in the hybridization of PNB MB with non-
target template, presumably due to faster dissociation kinetics.  For some PNA MB 
sequences, hybridization temperature was sufficient to control hybridization stringency, 
whereas for other sequences, formamide concentration in hybridization buffers was more 
suitable.  Applications of PNA MB to quantify specific microbial groups were successful 
for artificial mixtures and environmental samples under optimized hybridization 
conditions. 
In conclusion, this work contributes to the knowledge base to apply 
environmental biotechnology to drinking water treatment, and complements the 
understanding of engineering practice with scientific knowledge from microbial 
community studies.  The engineering part of the work focused on both the removal of the 
contaminants and the overall impacts of the biofilm reactors on the quality of finished 
waters, which provides a more complete picture of biological drinking water treatment in 
removing inorganic contaminants.  The microbial studies provide a framework of 
studying the correlation between reactor operation/performance and microbial 
community.  Although the microbial knowledge was primarily used to explain the reactor 
performance, efforts were made to apply the knowledge to guide system operation. 
 
6.2 Future Research 
To make biological treatment a practical solution for drinking water treatment, further 
optimization of reactor operation and detailed evaluation of post treatment options are 
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needed.  In the meantime, microbial community studies can provide insights in system 
optimization. 
1. Multiple Contaminants 
Compared to abiotic counterparts, biological drinking water treatment can 
consistently remove multiple contaminants without generating concentrated 
waste streams.  This work and the previous studies from our lab demonstrated 
the advantage of possessing GAC adsorption as an additional treatment 
mechanism in BAC reactors.  Therefore, BAC-based biological treatment 
technology deserves further investigation for drinking water treatment.  As the 
next step, their potential of simultaneously removing inorganic and organic 
contaminants, including natural organic matter, should be explored. 
2. Comparison with Currently Operated BAC filters 
Many drinking water treatment plants operate their GAC filters as biofilters, 
on which biofilm develops by utilizing natural organic matter present in 
source waters.  Based on this work, it was hypothesized that despite lower 
biomass quantity, such biofilters may contain microbial communities that are 
more diverse than those in BAC reactors fed external electron donors, and 
consequently have a higher likelihood of containing strains resistant to 
disinfection.  To test the hypothesis, comparison between the two types of 
systems is necessary with respect to microbial composition and disinfection 
kinetics. 
3. Other Post-treatment Approaches 
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This work has demonstrated the disinfection efficiency of monochloramine 
for biologically treated finished water.  However, inactivated biomass can still 
be of aesthetic concerns for drinking water supplies and need to be removed.  
Therefore, post-treatment processes that can remove biomass, live or dead, 
need to be investigated, e.g., membrane units, membrane units plus 
disinfection, and longer filter depth. 
4. Application of Microbial Knowledge to Guide Reactor Operation 
One major goal of studying the structure of microbial communities during 
engineering studies is to use microbial knowledge to guide the design and 
operation of engineered systems.  In this work, implications on disinfection 
kinetics were made based on microbial community studies.  As the next step, 
these engineering implications should be verified.  In addition, efforts should 
be made to combine the knowledge from microbial community studies and 
newly obtained genomic information of individual species to predict the 
potential of bioreactors to remove emerging contaminants. 
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a b s t r a c t
The influence of backwashing on biological perchlorate reduction was evaluated in two
laboratory scale fixed bed biofilm reactors using 1- or 3-mm glass beads as support media.
Influent perchlorate concentrations were 50 mg/L and acetate was added as the electron
donor at a concentration of 2mg C/L. Perchlorate removal was evaluated at various influent
dissolved oxygen (DO) concentrations. Complete perchlorate removal was achievedwith an
influent DO concentration of 1mg/L resulting in bulk phase DO concentrations below the
detection limit of 0.01mg/L. The influence of increasing influent DO concentrations for 12h
periods was evaluated before and after individual backwash events. Partial perchlorate
removal was achieved with an influent DO concentration of 3.5mg/L before a strong
backwash (bulk phase DO concentrations of approximately 0.2mg/L), while no perchlorate
removal was observed after the strong backwash at the same influent DO level (bulk phase
DO concentrations of approximately 0.8mg/L). The immediate effect of backwashing
depended on influent DO concentrations. With influent DO concentrations of 1mg/L,
strong backwashing resulted in a brief (o12h) increase of effluent perchlorate concentra-
tions up to 20mg/L; more pronounced effects were observed with influent DO concentra-
tions of 3mg/L. Daily weak backwashing had a small and, over time, decreasing negative
influence on perchlorate reduction, while daily strong backwashing ultimately resulted in
the breakdown of perchlorate removal with influent DO concentrations of 3mg/L.
& 2007 Elsevier Ltd. All rights reserved.
1. Introduction
Nine states in the US have recently defined state perchlorate
advisory levels ranging from 1 to 18mg/L for drinking water
(USEPA, 2006). Several studies have shown that biological
treatment is an effective technology to remove perchlorate
from drinking water (Brown et al., 2002; Giblin et al., 2000;
Herman and Frankenberger, 1999; Min et al., 2004). For
example, for a typical groundwater concentration of 50mg/L,
biologically active carbon (BAC) fixed bed reactors consis-
tently removed perchlorate to below 2 mg/L (Brown et al., 2002,
2005). Despite these encouraging studies, the reliability of
biological drinking water treatment is sometimes questioned,
in particular under dynamic loading conditions and during
ARTICLE IN PRESS
0043-1354/$ - see front matter & 2007 Elsevier Ltd. All rights reserved.
doi:10.1016/j.watres.2007.01.025
Corresponding author. Department of Civil and Environmental Engineering, University of Illinois at Urbana-Champaign. 3219 Newmark
Civil Engineering Laboratory, MC-250, 205 N. Mathews Ave., Urbana, IL 61801, USA. Tel.: +1 217 3336965, fax: +1 217333 6968.
E-mail address: emorgenr@uiuc.edu (E. Morgenroth).
1 Current address: Department of Microbiology, University of Massachusetts Amherst, Amherst, MA 01003, USA.
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changes in reactor operation, such as after backwashing (Kim
and Logan, 2001). The current study evaluates the influence of
backwashing on perchlorate removal in fixed bed biofilm
reactors.
Regular backwashing is a key process for fixed bed biofilm
reactors that is necessary to prevent clogging, to reduce
excessive head loss across the filter, to maintain an active
biofilm, to prevent the proliferation of filamentous bacteria
and eukaryotic organisms, such as fungi and protozoa, and to
enhance the mass transfer of contaminants to the biofilm
(Brown et al., 2002; Hozalski and Bouwer, 1998; Laurent et al.,
2003). However, backwashing also reduces the amount of
active biomass in the reactor, which could potentially lead to
unstable reactor performance (Lahav et al., 2001; Nakhla and
Farooq, 2003). Optimal strategies for backwashing of biofilm
reactors used for drinking water treatment are not well
defined (Ahmad et al., 1998; Chaudhary et al., 2003; Laurent et
al., 2003; Liu et al., 2001). For a perchlorate removing fluidized
bed biofilm reactor, McCarty and Meyer (2005) demonstrated
that, using a model based sensitivity analysis, biofilm
detachment was a key factor influencing effluent perchlorate
concentration. In their system, detachment was achieved by
removing the most buoyant BAC particles from the top of the
reactor, cleaning them externally, and then returning cleaned
BAC into the fluidized bed. In fixed bed reactors the main
process to remove biomass is backwashing by air scouring
and filter bed expansion. Backwashing is typically performed
in intervals ranging from 1 to 7 days (Boller et al., 1997).
However, in some cases, backwashing intervals can be
months (Brown et al., 2003). Backwashing intervals are
usually determined by setting a fixed filter run time and a
maximum head loss across the filter bed (Boller et al., 1997;
Niquette et al., 1998). Using fixed bed reactors packed with
plastic or sand media, Min et al. (2004) were able to reduce
77mg/L perchlorate in groundwater to below 4mg/L. Regular
weekly backwashing was necessary to prevent short-circuit-
ing, especially in their reactor packed using sand as a biofilm
support medium. However, Kim and Logan (2000) observed
that perchlorate removal in BAC reactors was not stable after
backwashing. They suggested that perchlorate previously
adsorbed to the granular activated carbon desorbed after
backwashing, which caused fluctuating effluent perchlorate
concentrations.
Evaluating the effect of backwashing on fixed bed biofilm
reactor performance is complicated by the fact that back-
washing influences a range of process conditions including
fluid flow in the fixed bed, the amount of biomass, and biofilm
structure. Biomass in fixed bed reactors is retained both in the
form of biofilms attached to the surfaces of the support
medium and in the form of large microbial aggregates that
accumulate in the inter-particle space (Delahaye et al., 1999;
Laurent et al., 2003). Backwashing removes the majority of the
loosely attached, large microbial aggregates and a smaller
fraction of the tightly attached biofilms (Servais et al., 1991).
Mass transfer limitations of dissolved oxygen (DO) into large
microbial aggregates reduce process efficiencies for aerobic
processes (e.g., oxidation of organic carbon or nitrification)
(Laurent et al., 1999, 2003). However, for perchlorate and
nitrate removal, such microbial aggregates can be beneficial
as DO mass transfer limitations can result in local anaerobic
or anoxic zones allowing for perchlorate and nitrate reduction
despite the presence of DO in the bulk phase. Kim et al. (2004)
showed that oxygen and nitrate can be reduced simulta-
neously using a column reactor containing an aerobic and a
denitrifying bacterial strain. Neither of these two populations
were facultative aerobes and the bulk phase DO concentra-
tion was too high for denitrification to occur in the bulk
liquid. They attributed their observation to the existence of
anoxic zones allowing denitrifiers to reduce nitrate even
when the bulk phase DO concentration was high. The impact
of such mass transfer limitations on perchlorate removal in
fixed bed reactors is not well understood.
The purpose of this study was to evaluate the influence of
the frequency and intensity of backwash on perchlorate
removal in biofilm reactors under varying influent DO levels
for two fixed bed reactors with two different diameter glass
beads (1 or 3mm) as biofilm support media. Responses of
these biofilm reactors to increasing influent DO levels were
monitored before and after individual backwash events. In
addition, repeated daily backwash experiments were con-
ducted with weak or strong backwashing.
2. Materials and methods
2.1. Reactors and reactor operation
Two laboratory-scale fixed bed column reactors with an inner
diameter of 2.4 cm and a length of 14 cm were filled,
respectively, with 1- and 3-mm diameter glass beads as
packing materials and were operated in parallel. Physical
parameters for both reactors are summarized in Table 1. The
surface of the glass beadswas etched for 1h using 0.25% HF to
enhance the adhesion of bacteria. The influent flow was
ARTICLE IN PRESS
Table 1 – Physical dimensions of the biofilm systems
1-mm glass bead reactor 3-mm glass bead reactor
Empty bed volume (mL) 63.4 63.4
Reactor volume occupied by the glass bead (mL) 38.7 37.0
Measured porosity of the glass bead bed 0.429 0.454
Surface area of the reactor wall (m2) 0.011 0.011
Surface area of the glass beads (m2) 0.133 0.040
Total surface area (m2) 0.144 0.051
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introduced in the bottom of the reactor at a rate of 2.7mL/min
(Qinfluent), resulting in an empty bed contact time of 23.4min.
A recirculation loop (Qrecirculation ¼ 5Qinfluent) was added to
approximate completely mixed conditions of the bulk liquid.
Flow distribution in the column may have been influenced to
some extent by wall-effects with column to glass bead ratios
of 24 and 8 for the 1 and 3-mm glass bead reactors,
respectively (Cohen and Metzner, 1981). The 3-mm glass bead
reactor was inoculated with biomass from a BAC filter
previously operated with deionized, distilled water amended
with 2mg C/L acetate and 50mg/L perchlorate (Brown et al.,
2002) and then with groundwater amended with 50mg/L
perchlorate (Lin, 2004). The 1-mm glass bead reactor was
inoculated with biomass collected from the 3-mm glass bead
reactor which had been previously operated for 7 months.
Acetate was used as the sole electron donor at an influent
concentration of 2mg C/L. The electron donor was delivered
with a syringe pump and was mixed immediately before
entering the reactor with a feed solution containing per-
chlorate and oxygen. The feed solution was prepared with
deionized water and contained 50mg/L perchlorate, 0.15mg
N/L NH4Cl, and 0.5mM phosphate buffer resulting in pH 7.5.
The influent DO level was adjusted to concentrations ranging
from 1 to 4mg/L by purging the feed solution with N2 gas. The
feed solution was isolated from the atmosphere after purging
using a floating cover to prevent oxygen transfer.
Both reactors were operated with a baseline influent DO
level of 1mg/L without backwashing for 4 weeks. The influent
DO level was increased from 1 to 4mg/L for a 12-h period on
day 28. A strong backwash (see below for details) was
performed on day 29, followed by another 12-h period of
operation with an influent DO level of 4mg/L on day 30. The
transient exposure to increased DO levels and backwashing
was repeated with an influent DO concentration of 3.5mg/L,
beginning on day 62. The effect of daily backwashing was
evaluated after increasing the influent DO level to 3mg/L on
day 68. Five daily weak backwash events (starting on day 68)
were followed by six daily strong backwash events (starting
on day 73). After the period with daily strong backwash
events, the reactors were monitored for 1 week without
backwashing followed by another strong backwash on day 85.
The influent DO level was reduced from 3 to 1mg/L on day
102. Influent DO levels and timing of backwash events are
schematically represented at the top of Figs. 1 and 3–6.
Backwashing was performed with two different intensities.
A ‘‘weak backwash’’ was performed by placing the contents of
the reactor into a 600-mL beaker and adding 100mL of
previously collected effluent. The reactor contents were
stirred for 1min with a 7.5 cm long magnetic stir bar using a
stir plate at 75 revolutions per minute (RPM). The supernatant
containing the detached biomass was decanted. A ‘‘strong
backwash’’ was performed by placing the contents of the
reactor into a 600-mL beaker, adding 125mL of collected
effluent, stirring at 150RPM for 1min, and decanting the
supernatant containing the detached biomass. For the strong










































































4 mg/l 4 mg/l
1 mg/l 1 mg/l
Fig. 1 – Reactor performance for 1-mm (open symbols) and 3-mm glass bead reactors (closed symbols) in response to
increasing influent DO concentrations from 1 to 4mg/L before and after backwash events.
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detached during backwashing was quantified as volatile
suspended solids (VSS).
2.2. Analytical methods
DO was measured using a galvanic oxygen sensor (WTW
CellOx 325 with Oxi 340i, Weilheim, Germany) with a
detection limit of 0.01mg/L in a flow cell (WTW model D201,
Weilheim, Germany) connected directly to the reactor efflu-
ent. Perchlorate was measured using an ion chromatograph
(Dionex ICS-2000, Sunnyvale, CA, USA) with an AS50 auto-
sampler and a conductivity detector. An AS16 column and an
AG16 guard column were used and the detection limit was
1mg/L. The eluent was 65mM KOH at a flow rate of 1.2mL/min
and the injection volumewas 990ml. Dissolved organic carbon
(DOC) was measured using a UV-Persulfate TOC Analyzer
(Tekmar-Dohrmann Phoenix 8000, Mason, OH, USA) with a
detection limit of 0.2mg/L as C. All samples were filtered
using a 0.45mm filter (Nalgene SFCA 25mm, Nalge Nunc
International, Rochester, NY, USA) prior to analysis. VSS were
measured according to Standard Methods (APHA et al., 1999).
A stereomicroscope (Zeiss Stemi 2000-C, Oberkochen, Ger-
many) was used to image the biofilm growth patterns directly
through the glass wall of the reactors without disturbing the
biomass structure.
3. Results
3.1. Influent DO variations and individual backwash
events
During the initial baseline operation with an influent DO level
of 1mg/L, effluent perchlorate concentrations for both
reactors were consistently below the detection limit of 1 mg/
L (days 0–28). When the influent DO level was increased to
4mg/L for a period of 12h on day 28, perchlorate removal
immediately ceased and effluent perchlorate concentrations
increased to 50mg/L (Fig. 1). During that period, effluent DO
concentrations increased from below the detection limit of
0.01mg/L to approximately 1mg/L and effluent DOC concen-
trations decreased from approximately 1.5 to below 0.5mg C/
L in both reactors (Fig. 1). Based on the observed DOC removal
(2mg C/L ¼ 5.33mg COD/L) and DO removal (3.2mg/L), a net
yield (YH) of 0.4 g CODbiomass/g CODacetate can be calculated
assuming that all acetate in the influent was metabolized and
that the DOC in the effluent only consisted of soluble
microbial products. This observed net yield is reasonable for
heterotrophic growth (Henze et al., 2002). With relatively high
bulk phase ( ¼ effluent) DO concentrations of approximately
1mg/L, mass transfer limited anaerobic zones were likely not
present, explaining the absence of perchlorate removal
during this 12-h period of increased influent DO concentra-
tions. As soon as the influent DO level was returned to
baseline conditions, both reactors removed perchlorate
completely (Fig. 1).
A strong backwash was performed 12h after the end of the
period with increased influent DO concentrations (Fig. 1).
Immediately following the backwash event, the effluent
perchlorate concentrations increased to approximately
15 mg/L in both reactors followed by a complete recovery of
perchlorate removal within 12h. On day 30 (12h after the
backwash event), the influent DO level was increased again to
4mg/L for a period of 12h. Similar to the previous results,
effluent perchlorate concentrations reached almost 50mg/L,
effluent DO concentrations increased, and DOC concentra-
tions decreased in both reactors. However, both DO and DOC
concentrations were slightly higher than during the previous
period with the same 4mg/L influent DO levels, suggesting
that, after backwashing, aerobic acetate oxidation was
biomass limited. As soon as baseline operation was resumed,
again, both reactors removed perchlorate completely.
In this study, glass beads were selected as the support
medium for biofilm growth, instead of a sorptive material
such as granular activated carbon, to allow evaluation of the
effect of biomass growth and detachment patterns without
interference from sorption or desorption of perchlorate and
oxygen. The amounts of biomass detached during back-
washing on day 29 were 28.3 and 18.8mg VSS for the 1- and 3-
mm glass bead reactors, respectively. The reactors had been
operated for 4 weeks without backwashing prior to back-
washing on day 29. Assuming an average effluent acetate
concentration of 1.5mg C/L during baseline operation with an
influent DO level of 1mg/L and a net yield of 0.4 g CODbiomass/
g CODacetate, the estimated biomass production for this 4-
week period is 41mg VSS. The amount of biomass removed
during the backwashing accounted for 69% and 46% of the
estimated biomass production during this period in the 1- and
3-mm glass bead reactors, respectively. However, backwash
efficiencies vary and the amount of VSS removed in a single
backwash event may be smaller or larger than the net
biomass accumulation between backwash events. In addi-
tion, biomass may have been lost through detachment during
normal operation. The larger amount of biomass removed in
the 1-mm glass bead reactor suggests that more biomass
accumulated in the 1-mm glass bead reactor, which can be
attributed to a larger surface area and an improved ability to
retain biomass during normal operation compared to the 3-
mm glass bead reactor.
Accumulation of large biomass aggregates in the size range
of several hundred micrometers was observed during opera-
tion in both reactors (Fig. 2), but they were removed during
backwash events. While a quantitative analysis of size and
amount of aggregates was beyond the scope of this study,
this qualitative observation supports the feasibility of loca-
lized mass transport limited zones allowing for perchlorate
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Fig. 2 – Stereomicroscope image of media from the 1-mm (a)
and 3-mm (b) glass bead reactor. Arrows indicate large
microbial aggregates. Scale bars denote 1mm.
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removal to occur in the reactors in spite of increased bulk
phase DO concentrations.
The next experimental phase evaluated the influence of
short-term increases of influent DO levels to 3.5mg/L, which
is only slightly higher than the estimated DO concentration of
3.2mg/L required to completely oxidize the 2mg C/L of
acetate present in the influent. Unlike the previous experi-
ment, the response of the reactors during 12-h periods with
an influent DO level of 3.5mg/L was substantially different
before and after backwashing (Fig. 3). During the first 12-h
period (before backwashing), effluent perchlorate concentra-
tions temporarily increased to 5 and 20mg/L in the 1- and 3-
mm glass bead reactors, respectively. During the second 12-h
period (after backwashing), effluent perchlorate concentra-
tions increased to the influent level of 50mg/L in both reactors.
Bulk phase DO concentrations increased to approximately
0.2mg/L in the first and approximately 0.8mg/L during the
second 12-h period. Bulk phase DOC concentrations de-
creased in both periods to approximately 0.2mg C/L. The
immediate effect of backwashing under baseline conditions
(day 65) was similar to the effect observed for the previous
backwash and the effluent perchlorate concentrations tem-
porarily increased to 7.3 and 13.7mg/L in the 1- and 3-mm
glass bead reactors, respectively. The amounts of VSS
removed during this second backwash event were 58 and
37.5mg VSS for the 1- and 3-mm glass bead reactors,
respectively. The amount of removed VSS is close to the
theoretically expected amount of 53mg VSS (assuming an
average effluent acetate concentration of 1.5mg C/L for the 36
days of operation since the previous backwash).
3.2. Daily backwash events
The effect of daily backwashing was evaluated with an
influent DO level of 3mg/L, which is just below the theoretical
stoichiometric requirement for the complete oxidation of the
acetate present in the influent. Increasing the influent DO
concentration from 1 to 3mg/L did not result in increased
effluent perchlorate concentrations (day 68, before back-
washing in Fig. 4). Effluent perchlorate concentrations
increased following each of five weak backwash events. In
the 1-mm glass bead reactor, effluent perchlorate concentra-
tions decreased to below the detection limit within 24h, while
the recovery in the 3-mm glass bead reactor remained
incomplete after the first three backwashes. Daily weak
backwashing prevented large microbial aggregates from
developing in both glass bead reactors based on visual
examination of biomass removed during backwash events
and of the filter beds. Over time, backwashing had less
influence on perchlorate removal in both reactors: the initial
weak backwashing caused effluent perchlorate concentra-
tions to increase up to 30mg/L while perchlorate concentra-
tions after subsequent backwash events remained below










































































Fig. 3 – Reactor performance for 1-mm (open symbols) and 3-mm glass bead reactors (closed symbols) in response to
increasing influent DO concentrations from 1 to 3.5mg/L before and after backwash events.
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Daily strong backwashing began on day 73 and had a much
larger impact on perchlorate removal compared to weak
backwashing (Fig. 5). Following five strong backwashing
events, effluent perchlorate concentrations in both reactors
increased to 50mg/L and only decreased slowly. In most cases,
effluent perchlorate concentrations did not decrease below
the detection limit between daily strong backwash events.
During the period of daily strong backwashing, effluent DO
concentrations were approximately 0.5mg/L; the effluent
DOC concentrations did not show a clear pattern. Lack of
perchlorate removal after strong backwashing can be ex-
plained by the loss of large biomass aggregates, removal of
biofilm growing on the glass bead surface, and increased bulk
phase DO concentrations due to biomass limited oxygen
removal. Unlike the weak daily backwashing experiment,
there was no substantial difference between the perfor-
mances of 1- and 3-mm glass bead reactors.
3.3. Recovery of system performance after strong daily
backwashing
After the five daily strong backwashing events, while main-
taining an influent DO level of 3mg/L, perchlorate removal
continued to deteriorate (Fig. 6). On day 85, following six
strong backwashing events, the effluent perchlorate concen-
trations reached approximately 20mg/L in both reactors.
Perchlorate removal deteriorated further after another strong
backwashing event on day 85 even though bulk phase DO
concentrations were at times below 0.1mg/L. Apparently,
daily strong backwashing resulted in a substantial decrease in
the activity of perchlorate reducing bacteria in the systems.
Perchlorate reduction could not be reestablished with an
influent DO level of 3mg/L during a 2-week period without
backwashing even though these conditions prior to daily
backwashing had allowed for stable and complete perchlorate
removal.
After decreasing influent DO levels to 1mg/L on day 102,
bulk phase DO concentrations decreased to below the
detection limit and perchlorate removal recovered completely
within 2 or 4 days for the 1- and 3-mm glass bead reactors,
respectively. During this period, effluent DOC levels increased
above influent acetate concentrations, possibly due to an
increased release of soluble microbial products after decreas-
ing the influent DO levels to 1mg/L. The time period
necessary for the recovery of perchlorate removal was longer
than the time required for system recovery after short-term
exposure to increased influent DO levels, but shorter than the
time required for initial reactor start-up of 2 weeks (data not
shown). The time required for recovery can be explained by





































































Fig. 4 – Reactor performance for 1-mm (open symbols) and 3-mm glass bead reactors (closed symbols) in response to weak
daily backwash events with influent DO concentrations of 3mg/L.
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faster recovery of the 1-mm compared to the 3-mm glass bead
reactor is consistent with the larger surface area in the 1-mm
glass bead reactor, which may have retained a larger amount
of perchlorate reducing bacteria even during the period of
reduced perchlorate removal.
4. Discussion
4.1. Influence of oxygen
Perchlorate reduction is inhibited by oxygen for all known
perchlorate reducing bacteria (Kengen et al., 1999; Song and
Logan, 2004; Xu et al., 2003). Inhibition by oxygen also was
observed in the current study; an influent DO level of 4mg/L
resulted in bulk phase DO concentrations of approximately
1mg/L and the breakdown of perchlorate removal (Fig. 1).
However, for an influent DO level of 3.5mg/L, bulk phase DO
concentrations were approximately 0.2mg/L (following a
period of more than 4 weeks without backwashing) and with
these conditions partial perchlorate removal was observed
(day 62 in Fig. 3). The effect of oxygen on perchlorate removal
observed in this study is different from previously reported
observations. Song (2004) determined a threshold DO con-
centration to inhibit perchlorate reduction of 0.04mg/L (only
4% of the influent perchlorate was reduced in a chemostat by
a pure suspended culture of Dechlorosoma sp. KJ). Song and
Logan (2004) showed that a 12-h exposure to DO concentra-
tions of 6–7mg/L inhibited perchlorate removal in a sus-
pended culture of Dechlorosoma sp. KJ even after oxygen had
been removed. In the current study, while no perchlorate
removal was achieved with influent DO levels of 4mg/L (bulk
phase DO concentrations of approximately 1mg/L), complete
perchlorate removal was achieved within 30min after de-
creasing the influent DO concentrations to 1mg/L (bulk phase
DO concentrations below the detection limit of 0.01mg/L) (Fig.
1). There are two possible explanations for these differences:
(1) inhibition threshold levels and long-term effects of oxygen
are species dependent and differ between Dechlorosoma sp. KJ
and the perchlorate reducing bacteria present in the mixed
community in the current study; (2) mass transfer limitations
in the current study caused the DO concentrations inside the
biofilm to be substantially lower than in the bulk phase. The
relevance of mass transfer limitations due to the accumula-
tion of biomass has been well documented for BAC filters
(Laurent et al., 2003). With bulk phase DO concentrations of
0.2mg/L (day 62, Fig. 3), DO concentrations in part of the
biofilm conceivably were below the 0.04mg/L threshold
reported by Song (2004). It is interesting to note that on day
62,with an influent DO level of 3.5mg/L, perchlorate removal
was greater in the 1-mm glass bead reactor compared to the






































































Fig. 5 – Reactor performance for 1-mm (open symbols) and 3-mm glass bead reactors (closed symbols) in response to strong
daily backwash events with influent DO concentrations of 3mg/L.
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phase DO and DOC were very similar. This result can be
explained since the 1-mm glass bead reactor had accumu-
lated more biomass compared to the 3-mm glass bead reactor
(based on 58 vs. 37.5mg VSS that were removed during
backwashing, respectively) and presumably a larger fraction
of the biomass was anaerobic. This apparent beneficial effect
of mass transfer limitations was observed only for relatively
low bulk phase DO concentrations of less than 0.2mg/L. In a
deep biofilm anaerobic zones can develop if the biofilm is
sufficiently thick and if electron acceptor concentrations
relative to electron acceptor concentrations are sufficiently
high (Wanner et al., 2006). Oxygen is likely to be limiting for
gb1 where




and where DS and DO2 are diffusion coefficients for the
electron donor and oxygen in the biofilm and SS and SO2 are
bulk phase electron donor and DO concentrations. For bulk
phase DO concentrations of approximately 0.2mg/L, anaero-
bic zones are likely to develop for bulk phase acetate
concentrations larger than 0.27mg DOC/L (assuming DS and
DO2 of 0.8 and 1.7 cm
2/d, respectively). Thus, it is feasible that
oxygen utilization in the biofilm resulted in anaerobic zones.
Problems with the direct application of Eq. (1) to the
experimental results in this study are that the effluent DOC
most likely accounts for a mixture of organic substrates
including non-biodegradable soluble microbial products and
that Eq. (1) does not take into account endogenous respira-
tion. For an influent DO level of 4mg/L (bulk phase DO
concentrations of approximately 1mg/L), mass transfer
limitations were apparently not sufficient to reduce DO
concentrations within the biofilm to below the inhibitory
threshold (Fig. 1).
4.2. Influence of backwashing
The short-term effect of backwashing on perchlorate removal
depended both on influent DO levels and backwash intensity.
With an influent DO level of 1mg/L, a time period of up to 12h
was required for the effluent perchlorate concentration to
decrease to below the detection limit following a back-
washing event (Figs. 1 and 3). This lag period was longer than
the lags observed after short-term increases of influent DO
levels, which were typically less than 1h. Since exposure of
biomass from the reactors to DO concentrations of up to
40mg/L did not result in a lag in perchlorate reduction (data
not shown), short-term exposures to the atmosphere during
backwashing should not have had an impact on the length of
the lag period after backwashing. One explanation for the
observed lag could be that some biomass growth was required








































































Fig. 6 – Reactor performance for 1-mm (open symbols) and 3-mm glass bead reactors (closed symbols) following a period of
strong daily backwashing with influent DO concentrations of 3 or 1mg/L.
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With an influent DO concentration of 3mg/L, the recovery
of perchlorate removal after backwashing was even slower.
For a single weak backwash, partial perchlorate reduction
recovered within approximately 12h (day 68 in Fig. 4), while
after strong backwashing full recovery was not achieved
within 24h (day 73 in Fig. 5). This difference between
observed perchlorate removal after weak or strong backwash
could be explained by the weak backwash removing mainly
loosely attached large microbial aggregates while the strong
backwash also removes significant amounts of the strongly
attached biofilm. As suggested above, perchlorate reduction
in the presence of detectable bulk phase DO concentrations
can be achieved in localized anaerobic zones within large
microbial aggregates. Removing these aggregates has a larger
effect on perchlorate removal for higher bulk phase DO
concentrations. With an influent DO level of 1mg/L, bulk
phase DO concentrations were below the detection limit and
mass transfer resistance may not be necessary to provide
conditions suitable for perchlorate reduction. Brown et al.
(2003) reported a different effect of backwashing on perchlo-
rate removal. They observed improved perchlorate removal
following backwashing presumably due to reduced clogging
and channeling following months of operation without
backwashing. In the current study, backwashing never
resulted in improved system performance.
In full-scale fixed bed biofilm reactors backwashing inter-
vals are typically much shorter (ranging from 1 to 7 days) than
in most research studies. However, backwashing is costly as it
causes downtime of the reactors during backwashing and
since the wash water needs to be treated. Results from this
and other laboratory scale studies (e.g., Brown et al., 2003)
indicate that longer intervals between backwashing can be
feasible, at least if biological performance is the criterion used
for evaluation. In full-scale reactors, shorter intervals be-
tween backwashing are often based on process requirements
other than the biological performance (e.g., backwashing is
performed to prevent localized lumping of filter medium or to
distribute active biomass evenly over the height of the
reactors). The feasibility of longer backwashing intervals
between backwashing for fixed bed biofilm reactors used for
drinking water treatment should be further evaluated in pilot
or full-scale applications.
The positive effect of localized anaerobic zones on per-
chlorate reduction was observed only for a narrow range of
influent DO levels, while influent DO and electron donor were
present in approximately stoichiometric ratios resulting in
gE1. Brown et al. (2005) suggested dosing electron donor at
approximately stoichiometric requirements to reduce com-
peting electron acceptors in the influent.3 In research
applications, however, electron donor is often added in much
larger concentrations (Brown et al., 2003; Min et al., 2004). It
should be noted that conclusions drawn on the influence of
backwashing are applicable only when similar electron donor
and acceptor ratios are considered. For practical reactor
operation, one goal is to minimize electron donor addition
in order to minimize cost. While it is possible to achieve
stable performance by adding near-stoichiometric amounts of
electron donor, it needs to be considered that minimizing
electron donor addition can result in less stable system
performance following backwashing.
4.3. Influence of biofilm history
Perchlorate removal depended not only on influent DO and
electron donor concentrations but also on the history of the
reactor. For daily weak backwashing, the system adjusted to
these frequent backwashes after some time. The weak
backwash events on days 71 and 72 had a much smaller
impact on perchlorate removal than those performed on days
68, 69, and 70 (Fig. 4). This observation may be explained by
the development of tightly attached biofilms of perchlorate
reducing and other heterotrophic bacteria on the support
medium, and the reduced role of loosely attached large
aggregates that are easily removed during backwashing. For
daily strong backwashing, however, perchlorate removal
deteriorated and did not recover even after 17 days without
backwashing with influent and operating conditions that had
previously allowed for complete perchlorate removal (Fig. 6).
Perchlorate removal recovered only after decreasing influent
DO levels to 1mg/L. These results raise questions regarding
the extent by which shifts in specific microbial populations
and changes in biofilm structure determine reactor perfor-
mance and how reactor operation can be used to control such
shifts. McCarty and Meyer (2005) applied a model to predict
perchlorate removal based on the relative penetration of
competing electron acceptors (oxygen, nitrate, and perchlo-
rate) into biofilms. In their model, it was assumed that the
appropriate bacteria (i.e., aerobic heterotrophic, denitrifying,
and perchlorate reducing bacteria) establish themselves in
different redox zones, and that perchlorate and nitrate
removal are limited by the availability of electron donors
rather than by the availability of appropriate bacteria. Our
results agree with other studies in which reactor performance
was not only determined by current operating conditions but
also by the history of reactor operation (Kirisits et al., 2001;
Wolf et al., 2005).
Further research should evaluate to what extent perchlo-
rate reducing bacteria can establish themselves in a biofilm
under optimal or suboptimal operating conditions.
4.4. Scale up
Glass beads are frequently used when a well defined and non-
porous support medium is necessary for laboratory-scale
biofilm reactor studies (e.g., Logan and LaPoint, 2002; Zhang
and Huck, 1996). When interpreting results from such
laboratory-scale systems, similarities and differences to full-
scale systems need to be considered. In the current study,
effluent perchlorate concentrations were similar to bulk
phase concentrations in the reactors since recirculation of
the effluent provided near completelymixed conditions in the
bulk phase. Full-scale biofilm reactors are usually operated
ARTICLE IN PRESS
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without recycling, which leads to concentration gradients
along the length of the reactor. Whether backwashing results
in complete mixing of the biofilm support media and avoid a
heterogeneous distribution of biomass along the length of the
reactor depends on factors such as reactor geometry and filter
bed expansion during backwashing (Laurent et al., 2003). The
completely mixed biofilm reactor used in the current study
may not be representative of all types of fixed bed BAC
reactors depending on mixing characteristics.
Suitable methods need to be developed to directly monitor
biofilm growth and the accumulation of large microbial
aggregates in filter media. In the current study, the signifi-
cance of mass transfer limited zones is suggested based only
on indirect inference. Large microbial aggregates were
observed inside the reactors and during backwashing (Fig. 2)
and mass transfer limitations in such aggregates help to
explain the observed perchlorate removal during periods with
relatively high bulk phase DO concentrations. However,
further studies are necessary to quantify the amount,
distribution, and significance of these large microbial aggre-
gates and their contribution to overall reactor performance.
Backwashing in the current study was performed after
removing the reactor content from the reactor. The energy
input and shear or abrasion forces during this backwashing
procedure are different from those associated with back-
washing in full-scale applications for which air scouring and
increased water flow rates are typically used to expand the
filter bed. However, the net result of backwashing, i.e.,
removal of the majority of the accumulated large microbial
aggregates and a smaller fraction of the biofilm directly
attached to the support medium, likely is similar in full-scale
applications and in the current study (Laurent et al., 2003).
Nevertheless, mixing conditions and backwashing of fixed
bed biofilm reactors depend on scale and reactor geometry
(Min et al., 2004) and mechanisms derived from laboratory-
scale studies need to be evaluated further in pilot- and full-
scale studies.
5. Conclusions
The effect of backwashing on perchlorate removal was
studied in fixed bed biofilm reactors using 1- or 3-mm glass
beads as support media. It was shown that:
 The response of fixed bed biofilm reactors to transient
increases in influent DO levels depended on the history of
backwashing. For an influent DO level of 3.5mg/L and a
slight electron donor deficit, no perchlorate removal was
observed after strong backwashing, while the same
influent conditions before backwashing resulted in 60%
perchlorate removal. Presumably, the accumulation of
large microbial aggregates resulted in local anaerobic
zones that allowed for perchlorate reduction even with
detectable DO concentrations in the bulk phase. Back-
washing removed these aggregates and resulted in poor
perchlorate removal in the presence of DO in the bulk
liquid.
 The influence of backwashing on perchlorate removal
depended on the electron donor to acceptor ratio in the
influent. With electron donor addition in excess of
stoichiometric requirements (3.2 times the stoichiometric
requirement based on a net yield of 0.4 g CODbiomass/g
CODacetate), strong backwashing resulted in a brief (o12h)
and small increase in effluent perchlorate concentrations.
With the addition of electron donor close to stoichiometric
requirement, perchlorate removal did not recover within
24h after strong backwashing.
 The response to daily backwashing depended on the
backwashing intensity. Weak daily backwashing had a
small and, over time, decreasing negative effect on
perchlorate removal. Strong daily backwashing had a
substantial influence and ultimately lead to the complete
breakdown of perchlorate removal.
 For practical applications, increasing the electron donor
addition above the stoichiometric requirement would
result in lower bulk phase DO concentrations, which
would lead to more stable biofilm reactor performance
following backwashing.
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a b s t r a c t
Fixed bed biofilm reactors with granular activated carbon (GAC) or glass beads as support
media were used to evaluate the influence of short-term (12h) and long-term (23 days)
increases of influent dissolved oxygen (DO) concentrations on biological perchlorate
removal. The goal was to evaluate the extent by which chemisorption of oxygen to GAC can
enhance the stability of biological perchlorate reduction. Baseline influent concentrations
were 50 mg/L of perchlorate, 2mg/L of acetate as C, and 1mg/L of DO. Perchlorate removal in
the glass bead reactor seized immediately after increasing influent DO concentrations from
1 to 4mg/L since glass beads have no sorptive capacity. In the biologically active carbon
(BAC) reactor, chemisorption of oxygen to GAC removed a substantial fraction of the
influent DO, and perchlorate removal was maintained during short-term increases of
influent DO levels up to 8mg/L. During long-term exposure to influent DO concentrations
of 8.5mg/L, effluent perchlorate and DO concentrations increased slowly. Subsequent
exposure of the BAC reactor bed to low DO concentrations partially regenerated the
capacity for oxygen chemisorption. Microbial analyses indicated similar microbial
communities in both reactors, which confirmed that the differences in reactor perfor-
mance during dynamic loading conditions could be attributed to the sorptive properties of
GAC. Using a sorptive biofilm support medium can enhance biological perchlorate removal
under dynamic loading conditions.
& 2008 Elsevier Ltd. All rights reserved.
1. Introduction
Perchlorate (ClO4
) is an oxidizing anion, which is commonly
used in the form of ammonium perchlorate in rocket fuels, air
bags, road flares, and other industrial applications (Urbansky,
1998). Since the introduction of an analytical method that can
measure perchlorate accurately at mg/L levels (USEPA, 1997),
perchlorate has been reported to be present in many drinking
water sources (Gullick et al., 2001). Removal of perchlorate
from drinking water sources can be achieved using abiotic
processes, such as ion exchange (Roquebert et al.,
2000; Urbansky, 1998), reverse osmosis (Urbansky, 1998),
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electrodialysis (Roquebert et al., 2000), and tailored activated
carbon (Chen et al., 2005; Parette and Cannon, 2005), in
addition to a range of biological processes. Biological reduc-
tion of perchlorate is carried out by perchlorate-reducing
bacteria which can use perchlorate as an electron acceptor
(Achenbach et al., 2001; Coates et al., 1999; Rikken et al., 1996).
Compared to abiotic processes, biological processes can
convert perchlorate to non-toxic chloride without generating
waste streams that contain high concentrations of perchlo-
rate or brines from regenerating ion exchange resins. Another
advantage of biological treatment is that, in addition to
perchlorate, other contaminants such as nitrate and bromate
can be reduced in the same system (Nerenberg and Rittmann,
2004). While the reduction of these other contaminants is
desirable, these oxidized compounds will compete with
perchlorate for electron donors. In perchlorate-contaminated
drinking water, the dominant competing electron acceptors
are typically oxygen and nitrate. Microbial reduction of
perchlorate is inhibited by high concentrations of oxygen
and nitrate (Coates and Achenbach, 2004) and the application
of biological processes for drinking water treatment may be
problematic in case of variable influent oxygen or nitrate
concentrations.
Biological removal of perchlorate has been evaluated in
biofilm reactors using different carrier media including
plastic (Min et al., 2004), sand (Min et al., 2004), Celite (Losi
et al., 2002), and granular activated carbon (GAC) (Brown et al.,
2002) for fixed bed reactors, and sand and GAC for fluidized
bed reactors (McCarty and Meyer, 2005; Sutton, 2006). Other
reactor configurations include membrane diffuser biofilm
reactors (Nerenberg et al., 2002) and ion exchange membrane
bioreactor (Matos et al., 2006). Advantages of using GAC as a
carrier medium include the widespread application of GAC in
drinking water treatment plants where existing GAC filters
can easily be retrofitted to operate as biologically active
carbon (BAC) reactors. In 2004, the California Department of
Health Services issued a conditional approval of biological
removal of perchlorate from drinking water sources using
fixed bed BAC (CADHS, 2004).
Not only can GAC be used to support the growth of biofilms,
but sorption by GAC has been shown to complement
biological removal in BAC reactors under dynamic loading
conditions (Hanaki et al., 1997; Herzberg et al., 2003; Jaar and
Wilderer, 1992; Sutton, 2006). Based on mathematical model-
ing, Herzberg et al. (2003) showed that the sorptive capacity of
GAC can be beneficial by serving as a temporary sink for
contaminants and then allowing biological degradation of the
sorbed contaminants. They demonstrated that sorption,
intraparticle diffusion, and desorption resulted in increased
biofilm activity on the GAC compared to non-absorbing
carrier media. Kim and Logan (2000), however, pointed out a
potential problem related to using GAC as a temporary sink.
They observed increased effluent perchlorate concentrations
after backwash and redistribution of the GAC within the
reactor, and attributed increased effluent concentrations to
the desorption of perchlorate from GAC. A better under-
standing of the interactions between sorption, desorption,
biological processes, and reactor operation is needed to make
use of the sorptive capacity to improve reactor performance
(Sutton, 2006).
In addition to the direct benefits of acting as a temporary
sink of target contaminants, the sorptive capacity of GAC
should be able to enhance biological perchlorate removal
indirectly by lowering the concentration of oxygen, the
competing electron acceptor, through chemisorption. Mole-
cular oxygen can be irreversibly removed by interacting with
the GAC surface (Abuzaid and Nakhla, 1994; Prober et al.,
1975): one oxygen molecule and two carbon atoms form two
C—O bonds (Zhu et al., 2000). Also, oxygen can be removed by
reacting with surface CQO groups to form carboxylic acid
groups (Prober et al., 1975). Prober and coworkers showed that
chemisorption of oxygen can sustain as much as 6000 bed
volumes with 10–40mg oxygen removed per g of carbon.
However, it is not clear to what extent this capacity can be
regenerated through physical, chemical, or biological pro-
cesses. The purpose of the current study was to examine how
chemisorption of oxygen on GAC affects biological perchlo-
rate reduction in a BAC filter. To study the specific effects of
chemisorption, two identical laboratory-scale biofilm reactors
were operated using GAC or glass beads as sorptive or non-
sorptive carrier media, respectively. The effects of the
sorption capacity of the GAC were evaluated by comparing
oxygen and perchlorate removal during short- and long-term
exposure to increased influent dissolved oxygen (DO) con-
centrations and during electron donor failure conditions.
2. Materials and methods
2.1. Reactor setup and influent composition
The two laboratory-scale fixed bed biofilm reactors had an
inner diameter of 2.4 cm and a length of 14 cm, which resulted
in an empty bed volume of 63.4mL. One reactor was filled
with GAC (Norit model RO 0.8, Amersfoort, The Netherlands);
the other reactor was filled with glass beads (1-mm glass
beads, etched using 0.25% HF for 1h to allow for a better
adhesion of bacteria). Both reactors were operated in an
upflow mode with completely mixed bulk-phase conditions
by adding a recirculation loop with a flow rate (Qrecirculation)
five times of the influent flow rate (Qinfluent ¼ 2.7mL/min).
This corresponds to an empty bed contact time of 23.5min.
The BAC reactor was seeded using biomass collected from
two other BAC reactors: one had been fed Urbana (IL) tap
water amended with acetate at a concentration of 2mg/L as C
and 50mg/L perchlorate (Brown et al., 2002), the other had
been fed Urbana groundwater amended with 50mg/L perchlo-
rate (Lin, 2004). Sorption capacities of the GAC for perchlorate
and oxygen were exhausted before initial start-up by
recirculating water containing 50mg/L of perchlorate and
saturated by oxygen through the reactor. The glass bead
reactor was seeded using biomass from a previously operated
3-mm glass bead reactor, which had been seeded with
biomass from the BAC reactor used in the current study.
The synthetic influent was prepared with deionized water
and contained 50mg/L perchlorate, 0.15mg/L of NH4Cl as N,
and 0.5mM phosphate buffer to maintain a pH of 7.5. The
influent DO level was adjusted to values between 1 and
8.5mg/L by purging the influent with N2 gas. After purging,
the influent was isolated from ambient air using a floating lid.
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Acetate, the sole electron donor, was provided with a syringe
pump and mixed with the synthetic influent immediately
before it entered the reactors. The final concentration of
acetate entering the reactors was 2mg/L as C.
2.2. Reactor operation
Backwash was performed by pouring the content of each
reactor into a 600mL beaker, adding 125mL of collected
effluent, and stirring with a 7.5 cm long magnetic stir bar at
150 revolutions per minute (RPM) for 1min. After the super-
natant was decanted, another 125mL effluent was added to
the beaker and the rest of the procedure was repeated. Then
the reactor contents were poured back to the reactors. This
type of backwash was defined as a ‘‘normal backwash’’. For a
strong backwash, the contents of the reactors were stirred at
200 RPM for 1min, followed by decanting of the supernatant;
this process was repeated four times.
Prior to this study, both the BAC and the glass bead reactors
were operated with influent acetate and DO concentrations of
2mg/L as C and 1mg/L, respectively. Experiments were
initiated ( ¼ day 0) after both reactors had been consistently
removing perchlorate to below 1 mg/L for at least 1 month. The
influent DO level for the BAC reactor was increased from 1 to
4, 6, and 8mg/L for 12-h periods on days 8, 9, and 14,
respectively. On day 15, a normal backwash was conducted
and then the influent DO level was increased again to 8mg/L
for a 12-h period. On day 17, a strong backwash was
conducted. Finally, the influent DO level was increased again
to 8mg/L for 12h. The glass bead reactor also was exposed to
transient DO increases from 1 to 4, 6, and 8mg/L for 12-h
periods on days 256, 279, and 22, respectively. GAC and glass
bead reactors were not operated side-by-side and the
sequences of experiments in both reactors were different.
However, the reactors were operated according to the stated
baseline operating conditions and complete perchlorate
removal was accomplished for at least 7 days prior to each
experiment. Following a normal backwash of the glass bead
reactor on day 25, the influent DO concentration was
increased again to 8mg/L for 12h on day 26.
To study the responses of the BAC reactor to long-term
exposures to high DO concentrations, the influent DO level
was increased from 1 to 8.5mg/L for 23 days starting on day
22. Then the influent DO level was decreased to 1mg/L on day
45, and increased again to 8.5mg/L on day 48 for 6 days. A
normal backwash was performed on day 53 to test if
detachment of biomass would influence the chemisorption
capacity. To verify that perchlorate removal was the result of
microbial activity, acetate addition was stopped for 4.5 days
starting on day 60 for the BAC reactor and on day 364 for the
glass bead reactor.
2.3. Chemical analyses
DO concentrations were measured using galvanic oxygen
sensors (WTW CellOx 325 with Oxi 340i, Weilheim, Germany)
and flow cells (WTW model D201, Weilheim, Germany)
connected to reactor effluents. The detection limit for DO
measurement was 0.01mg/L. Perchlorate was measured using
an ion chromatograph (Dionex ICS-2000, Sunnyvale, CA) with
an AS50 autosampler and a conductivity detector. An AS16
column and an AG16 guard column were used and the
detection limit was 1 mg/L. The eluent was 65mM KOH at a
flow rate of 1.2mL/min and the injection volume was 990mL.
Dissolved organic carbon (DOC) was measured using a
UV-Persulfate TOC Analyzer (Tekmar-Dohrmann Phoenix
8000, Mason, OH) with a detection limit of 0.2mg/L as C.
Volatile suspended solids (VSS) were measured according to
Standard Methods (APHA et al., 1998). The pressure drop
across the BAC bed was measured using glycerin-filled
pressure gauges (Lenz Inc., Dayton, OH).
2.4. Clone libraries and phylogenetic analysis
Biomass samples were collected during backwashing from
the BAC reactor on days 17 and 53, and from the glass bead
reactor on day 388. For both reactors, biomass was first
sampled after the reactors had achieved complete perchlorate
removal for at least 7 days. DNA was extracted from these
samples using a Mo Bio Ultra Clean Soil DNA Extraction Kit
(Mo Bio Laboratories, Carlsbad, CA), quantified using a
NanoDrop 1000 (NanoDrop Technology, Wilmington, DE),
and checked for DNA integrity by electrophoresis on a 1%
agarose gel. Each DNA extract was PCR amplified in triplicate
using bacterial primer 8F (50-AGAGTTTGATCCTGGCTCAG-30)
and universal primer 1492R (50-GG(C/T)TACCTTGTTACGACTT-
30) (Richardson et al., 2002), which were synthesized by
Invitrogen (Carlsbad, CA). The protocol of the PCR reaction
was adopted from the work by Dojka et al. (1998). The
reagents used in the PCR reaction were from Takara (Takara
Inc., Japan). Pooled PCR products were loaded on an agarose
gel and bands of the appropriate size were cut. Purified PCR
products were extracted from the gel bands using MinElute
Gel Extraction Kit (QIAGEN Inc, Valencia, CA), cloned into
vectors, and transformed into competent Escherichia coli cells
using TOPO TA Cloning Kit for Sequencing (Invitrogen,
Carlsbad, CA). A total of 192 clones in glycerol stocks were
submitted for each clone library for bi-directional sequencing
(Genome Sequencing Center at Washington University,
St. Louis, MO). Raw data from sequencing in both forward
and backward direction were evaluated using the Ribosomal
Database Project II (RDP) Pipeline to remove vector sequences
(Cole et al., 2007). Either forward or backward sequences were
used in this analysis, depending on which direction resulted
in a higher number of sequences of good quality. The
phylogenetic classification of the clones was conducted using
the ‘‘Classification’’ function under ‘‘MyRDP’’ in RDP. Compa-
risons between two libraries were made using the ‘‘Library
Compare’’ function in RDP.
3. Results
3.1. Short-term increase of influent DO levels
For the baseline condition with an influent DO concentration
of 1mg/L and an acetate concentration of 2mg/L as C, the BAC
reactor reliably reduced perchlorate to below the detection
limit of 1 mg/L for more than 1 month (data not shown) before
the start of the experiment. When the influent DO level was
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increased to 4, 6, and 8mg/L for 12-h periods, effluent DO
concentrations increased to 0.1, 0.2, and 0.4mg/L, respec-
tively, and effluent perchlorate concentrations increased to
10–13mg/L (Fig. 1). Thus, even with increased influent DO
concentrations, the BAC reactor was able to remove more
than 90% of the influent DO and 75–80% of the influent
perchlorate. When the influent DO level was lowered to
1mg/L following each 12-h period, effluent DO concentrations
rapidly decreased to non-detectable levels and perchlorate
was removed to below detection limit within 2h.
Assuming a net yield of 0.4 gCODbiomass/gCODacetate, an
acetate concentration of 2mg/L as C can reduce 3.2mg/L of
DO. Thus, if chemisorption is not considered, for influent DO
levels of 4, 6, and 8mg/L the expected effluent (or bulk liquid)
DO concentrations should be 0.8, 2.8, and 4.8mg/L, respec-
tively. However, the observed effluent DO concentrations
were much lower than these expected values. Control
experiments using virgin GAC demonstrated that more than
4.7mg of O2 can be removed abiotically per gram of GAC
through chemisorption (data not shown). Based on
this capacity, chemisorption could in fact account for the
observed increased removal of DO from bulk liquid.
For the glass bead reactor, similar short-term (12h)
increases in influent DO levels to 4, 6, and 8mg/L resulted
in effluent DO concentrations of approximately 0.8, 2.6, and
3.5mg/L, respectively (Fig. 2). These observed effluent DO
concentrations were much closer to the expected effluent DO
values, assuming biological reduction as the only sink for
oxygen. Furthermore, during these short-term increases in
influent DO levels, perchlorate removal was compromised
and the effluent perchlorate levels were close to the influent
concentrations of 50mg/L.
Regular backwash is necessary in operating fixed bed
biofilm reactors, as it can remove biomass in excess and to
avoid clogging (Niquette et al., 1998). A normal backwash was
conducted in the BAC reactor on Day 15 (Fig. 1). The amount
of biomass detached was 63.6mg VSS and the pressure drop
across the bed decreased from 48kPa before to below the
detection limit of 0.7kPa after backwash. Even though the
amount of biomass was reduced during backwashing, no
perchlorate was observed in the effluent of the BAC reactor
after the backwash or even during the 12-h period when the
influent DO level was raised again to 8mg/L. During the
strong backwash on day 17, the amount of biomass removed
was too low to be quantified using VSS measurements.
Despite the additional removal of biomass, no perchlorate
was observed in the effluent after the strong backwash and
after the DO level was increased to 8mg/L (Fig. 1). Effluent DO
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Fig. 1 – Effect of short-term (12h) increases of influent DO levels to 4, 6, and 8mg/L and backwashing on the performance of
the BAC reactor. The influent acetate concentration was kept constant at 2mg/L as C.
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concentrations were approximately 0.12mg/L during the last
two 12-h periods when the influent DO level was at 8mg/L.
These effluent DO concentrations were much lower than
those observed during the first 12-h period of 8mg/L influent
DO, but they were similar to those observed during the 12-h
period of 4mg/L influent DO on day 8 (Fig. 1) when incomplete
perchlorate reduction was observed. The improved removal
of both oxygen and perchlorate after backwashing indicates
that perchlorate removal may have been accomplished
through a combination of direct adsorption of perchlorate
and biological perchlorate reduction under low bulk-phase
DO levels that were the result of oxygen removal through
chemisorption. Backwashing likely resulted in a decrease in
biofilm coverage on GAC surface (patchy biofilms), and thus
more GAC surface became available for sorption of oxygen
and perchlorate, which resulted in improved perchlorate
removal after backwashing (Herzberg et al., 2003).
Backwashing of the glass bead reactor resulted in increases
of both perchlorate and oxygen concentrations in the effluent
(Fig. 2). During the 12-h increase in influent DO levels to
8mg/L on day 22, the effluent DO concentration was
approximately 3.5mg/L. During the 12-h increase in influent
DO level to 8mg/L on day 26, after the normal backwash
on day 25, effluent DO concentrations were approximately
5mg/L, close to the expected value of 4.5mg/L. For the glass
bead reactor, a larger amount of biomass in the reactor before
backwashing resulted in greater DO removal (day 22) com-
pared to the DO removal after backwashing (day 26), which is
opposite to what was observed for the BAC reactor.
3.2. Long-term increase of influent DO levels
Long-term effects of increased influent DO levels were
evaluated by operating the BAC reactor with an influent
DO concentration of 8.5mg/L for a period of 23 days (Fig. 3).
During this time, effluent perchlorate concentrations in-
creased steadily and reached about 30mg/L. Effluent DO
concentrations remained low (o0.12mg/L) during the first 8
days of this period and began to increase after day 31. The
increase in effluent DO concentrations correlated with a
decrease in effluent DOC concentrations. The correlation can
be explained by the depletion of GAC sorptive capacity, which
resulted in an increased amount of DO in the bulk liquid that
was available for biological oxidation of dissolved organics.
The observed increase in effluent perchlorate concentrations
over time did not appear to be affected by the changes in
effluent DO and DOC levels. The pressure drop across the bed
also gradually increased, from below the detection limit to
48kPa as a result of biofilm growth within the reactor.
When the influent DO level was decreased to 1mg/L on day
46 (baseline conditions), the effluent perchlorate concentra-
tions dropped immediately to 20mg/L and then decreased
slowly. It required 2.5 days to lower the effluent perchlorate
concentration to below the detection limit. This is in contrast
with the results obtained after the short-term exposure to
increased influent DO level at 8mg/L when perchlorate
reduction was fully restored within 2h (Fig. 1).
As soon as complete perchlorate reduction was restored on
day 48, the influent DO level was increased again to 8.5mg/L
to test if the oxygen chemisorption capacity was restored
during the 2.5 days of low (1mg/L) influent DO levels (Fig. 3).
Unlike the gradual increase observed after the increase in the
influent DO on day 23, the effluent perchlorate concentrations
immediately increased to about 20mg/L on day 48. This level is
equal to the effluent perchlorate concentrations 13 days into
the first long-term DO experiment, and perchlorate concen-
trations only slightly increased in the subsequent 5 days.
The effluent DO concentrations increased within 2 days to
2.5mg/L, the same level that was only reached on day 46,
which corresponds to 23 days of the first period operating
with high influent DO concentrations. These results demon-
strate that the chemisorption capacity for both oxygen and
perchlorate were depleted during the first 23 days of opera-
tion at high influent DO levels and that only part of the
capacity was regenerated during the 2.5 days of operation at
low DO conditions.
To examine the effects of backwashing on perchlorate
removal after the chemisorption capacity of GAC was
depleted, the BAC reactor was backwashed on day 53,
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Fig. 2 – Effect of short-term (12h) increases of influent DO levels to 4, 6, and 8mg/L and backwashing on the performance of
the glass bead reactor. The influent acetate concentration was kept constant at 2mg/L as C. Results are from three different
experimental periods. Experiments were performed after steady-state removal of perchlorate had been achieved.
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8.5mg/L (Fig. 3). After backwashing, effluent DO and per-
chlorate concentrations remained high. This was different
from the two backwash events in Fig. 1, after which the BAC
reactor was able to remove both DO and perchlorate to low
levels under influent DO level at 8mg/L. This comparison
suggests that once the sorptive capacity of GAC was depleted,
the reactor lost the ability to lower DO and perchlorate levels
when influent DO levels were high.
3.3. Operation without electron donor addition
Prior to evaluating operation without electron donor addition,
the BAC and glass bead reactors were operated with an
influent DO level of 1mg/L and achieved complete perchlorate
removal for 7 and 6 days, respectively (Fig. 4). Eliminating
acetate addition for a 4.5-day period resulted in increases of
effluent perchlorate concentrations in both reactors. How-
ever, the increase was much slower for the BAC reactor
compared to the glass bead reactor. Near the end of the
4.5-day period, effluent perchlorate concentrations were
about 30 and 45mg/L in BAC and glass bead reactors,
respectively. There was no increase in effluent DO concentra-
tions for the BAC reactor (except for one outlier), while there
was an immediate increase in the glass bead reactor and
the effluent DO level reached 0.4mg/L at the end of
the experiment. Following electron donor addition, effluent
perchlorate concentrations decreased rapidly in both reactors.
3.4. Clone library results for the BAC and
glass bead reactors
The composition of the microbial communities in the BAC
and glass bead reactors was compared based on clone library
results (Table 1). For the baseline operating conditions, the
microbial communities contained large numbers of Betapro-
teobacteria (62.2% and 64.3% of total identified clones in the
BAC and the glass bead reactor, respectively). Dechloromonas
was the only known genus of perchlorate-reducing bacteria
found in the clone libraries, and accounted for 11.7% and
13.2% of the total clones in the BAC and the glass bead
reactors, respectively. The genus Zoogloea, which also belongs
to the Betaproteobacteria, was the most abundant bacterial
genus in both reactors.
The structure of the bacterial community in the BAC reactor
changed after the reactor had been exposed to increased
influent DO concentrations for an extended period of time
(day 53 in Fig. 3). The abundance of the Betaproteobacteria
decreased substantially. During the same time period,
the numbers of clones that were associated with the
phyla Bacteroidetes and Verrucomicrobia increased. Within the
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Fig. 3 – Response of the BAC reactor to long-term operation (duration of 23.4 and 5.6 days) with increased influent DO levels
of 8.5mg/L and a backwash event. The influent acetate concentration was kept constant at 2mg/L as C.
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Betaproteobacteria, the clones related to the genera Dechlor-
omonas and Zoogloea decreased from 11.7% to 1.7% and from
30.6% to 10.1%, respectively.
4. Discussion
4.1. Combined effects of oxygen chemisorption and direct
sorption of perchlorate
Comparing the performances of the BAC and the glass bead
reactors demonstrated that a sorptive carrier medium can
enhance perchlorate removal substantially when reactors are
exposed to increased DO concentrations. Under optimized
operating conditions, the overall performance and the
composition of the microbial community were similar in
both reactors. Complete perchlorate and oxygen removal was
achieved with acetate added as the electron donor in excess,
3.2 times the stoichiometric requirement. Different from the
glass bead reactor, the BAC reactor maintained substantial
perchlorate and oxygen removal rate during periods of
increased influent DO concentrations when acetate addition
was below the stoichiometric requirement (40–80% of the





































Operation without electron donor addition
Fig. 4 – Effluent perchlorate and DO concentrations for the BAC and glass bead reactors in response to operation without
electron donor addition, while maintaining the influent DO level at 1mg/L. Day 0 corresponds to day 60 and day 364 for the
BAC and glass bead reactors, respectively.
Table 1 – Dominant bacterial populations (in % of total clones) in biomass samples collected from backwash water of the
BAC and glass bead reactors
Source of biomass BAC reactor Glass bead reactor
Sampling dates Day 17 Day 53 Day 388
Number of clones sequenced n ¼ 180 n ¼ 179 n ¼ 182











Zoogloea 30.6 10.1 25.8
Other Betaproteobacteria 20.0 22.3 25.3
Other Proteobacteria 19.4 6.1 17.0
Acidobacteria 1.7 0.6 2.2
Actinobacteria 0.6 N/Db N/D
Bacteroidetes 5.6 34.6 12.6
Chloroflexi 0.6 N/D N/D
Deinococcus-Thermus 5.0 1.7 N/D
Planctomycetes N/D 2.2 N/D
Verrucomicrobia 0.6 9.5 N/D
Candidate phylum OP10 2.2 0.6 N/D
Unknown Bacteria 2.2 10.6 3.8
a Betaproteobacteria are subdivided into Dechloromonas, Zoogloea, and other Betaproteobacteria.
b N/D ¼ not detected.
WAT E R R E S E A R CH 42 ( 2008 ) 3425 – 3434 3431
185
support biological processes during dynamic reactor opera-
tions, such as increased influent DO concentrations and
operation without electron donor addition—conditions that
both resulted in substrate limitation for biological perchlorate
removal.
Sorptive properties of GAC supported perchlorate removal
most likely through a combination of oxygen chemisorption,
which reduces bulk-phase DO concentrations and thus
enhances biological perchlorate removal, and direct sorption
of perchlorate. In the glass bead reactor, without any sorptive
capacity, both the increase of influent DO concentrations
and the operation without electron donor addition resulted
in the complete breakthrough of perchlorate. The situation
was different for the BAC reactor. Operation without electron
donor addition resulted in increased effluent perchlorate
concentrations up to 30mg/L and no increase in effluent
DO concentrations (Fig. 4). These results demonstrate that
sorption within the BAC, without biological perchlorate
reduction, cannot remove perchlorate completely to below
the detection limit. With baseline acetate addition and
influent DO concentrations of 8mg/L, complete removal
of both DO and perchlorate was achieved (Fig. 1). The addi-
tion of a limited amount of electron donor (40% of the
stoichiometric requirement) combined with oxygen
removal through chemisorption resulted in sufficient biolo-
gical perchlorate removal to achieve effluent concentrations
below the detection limit in the BAC but not in the glass
bead reactor.
Reduced bulk-phase DO concentrations in the BAC reactor
alone, however, cannot explain the observed perchlorate
removal. Bulk-phase DO concentrations on days 8 and 17
were approximately 0.1mg/L, but complete perchlorate
removal was observed on day 17, whereas the effluent
perchlorate concentration on day 8 was approximately
10mg/L (Fig. 1). The improved perchlorate removal on day 17
can be explained by the two backwash events on days 15 and
17, which likely resulted in an increased GAC surface area
that was accessible not only for oxygen chemisorption but
also for direct sorptive removal of perchlorate.
4.2. Advantages and disadvantages of sorptive support
medium for perchlorate removal
In the literature there is no consensus on the benefits of
sorptive support media and only limited information on the
mechanisms of how biological perchlorate reduction can be
supported by using sorptive biofilm support media is avail-
able. Sutton (2006) suggested that biological reduction should
be supplemented with physico-chemical removal using for
example GAC as a support medium. GAC could be beneficial
both as a temporary sink and also to help increase local
perchlorate concentrations on the GAC surface as the result
of adsorption and desorption of perchlorate. This mechanism
of temporary sorption to increase local perchlorate concen-
trations had been suggested by Herzberg et al. (2003). Other
studies evaluating BAC reactors for perchlorate removal did
not discuss possible effects of temporary sorption on reactor
performance (Hatzinger, 2005; McCarty and Meyer, 2005). Kim
and Logan (2000) went so far as to discourage the use of GAC
due to negative effects of desorption of perchlorate in a BAC
reactor after backwashing. In their study, plug flow condition
in the fixed bed reactor exposed BAC at the inlet of the reactor
to high perchlorate concentrations. After backwashing and
redistribution of filter media within the reactor, desorption of
previously sorbed perchlorate close to the outlet of the reactor
could not be reduced biologically and resulted in increased
effluent perchlorate concentrations after backwashing. Thus,
while plug flow conditions can be advantageous for biological
processes due to higher substrate concentrations resulting in
higher removal rates near the inlet of a reactor, these
concentration gradients along the length of the reactor also
have drawbacks. These drawbacks include the involuntary
shuttling of sorbed perchlorate into the effluent, as described
above, and heterogeneous biomass distributions. Choi and
Silverstein (2007) have shown that completely mixed reactors
(e.g., gas lift reactors or fixed bed reactors with recirculation)
can provide a more even distribution of biomass and avoid
the problem of increased effluent perchlorate concentrations
after backwashing.
The discussion of sorption and desorption in this study was
focused on macro-scale effects of the overall removal of
perchlorate and oxygen from the bulk phase. This leads to
interesting research questions to understand the influence of
biofilm coverage, sorption, intraparticle diffusion, and mass
transport within the GAC particle on the local availability of
substrates for biological perchlorate removal (Herzberg et al.,
2003). Another question that requires further research is the
rate and extent of regeneration of the sorption capacity for
both perchlorate and oxygen. Partial regeneration of oxygen
chemisorption over a period of 2.5 days was observed in
Fig. 3. Long-term regeneration of sorption capacities over
the course of reactor operation was demonstrated, as the
sorption capacities of the GAC for oxygen and perchlorate had
been exhausted before start-up and were regenerated over
the course of reactor operation. The rate of regeneration of
the sorption capacities was, however, not evaluated in
this study.
4.3. Critical bulk-phase oxygen concentrations for
perchlorate removal
This study demonstrated that chemisorption of oxygen
resulted in reduced bulk-phase oxygen concentrations to
sufficiently low levels so that biological perchlorate reduction
could occur (approx. 0.05mgDO/L). McCarty and Meyer (2005)
used a fluidized bed reactor for perchlorate removal from
groundwater. They observed perchlorate removal within the
first 25 cm of the reactor where bulk-phase DO concentrations
were greater than 2mg/L as long as sufficient electron donor
was present. McCarty and Meyer (2005) explained this
perchlorate reduction in the presence of relatively high
bulk-phase DO concentrations based on mass transfer-
limited anaerobic zones inside the biofilm. Complete overall
perchlorate removal in their reactor was, however, associated
with low effluent DO and nitrate concentrations of 0.1 and
0.01mg/L, respectively. The extent to which perchlorate
removal can occur at elevated bulk-phase DO concentrations
depends on the biofilm structure (i.e, the biofilm needs to be
sufficiently thick to allow for the development of anaerobic
zones) and the electron donor to acceptor ratio in the bulk
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phase (Choi et al., 2007; McCarty and Meyer, 2005). In most
reactor studies, information on biofilm structure is not
reported. For fixed bed reactors, as in the current study,
representative sampling of GAC with attached biofilm with-
out disturbing the biofilm structure is usually difficult. This
study focused on evaluating the feasibility of oxygen chemi-
sorption on perchlorate removal. Further research needs to
evaluate the influence of the type of reactor, reactor opera-
tion, and the resulting biofilm structure on the interactions
between sorption/desorption on GAC surface and biological
reduction processes.
4.4. Microbial community structure
Our study showed that Dechloromonas spp were the only
known perchlorate-reducing bacteria in the two bioreactors,
both of which used acetate as the sole electron donor. The
importance of Dechloromonas spp. in perchlorate-reducing
systems had also been suggested by Zhang et al. (2005),
who evaluated the microbial community in an acetate-fed
pilot-scale fixed bed bioreactor. In their study, based on the
results from fluorescence in situ hybridization, Zhang
and coworkers reported that Dechloromonas spp. accounted
for about 23% and 1% of the bacterial populations at the
surface and at the bottom of the biofilm, respectively. In
comparison, based on clone library results, we reported the
relative abundances of Dechloromonas as 11.7% and 13.2% in
the BAC and the glass bead reactors, respectively. Zhang
and coworkers also reported Dechlorosoma spp. to be present
at low abundance in their system, while we did not detect
any Dechlorosoma spp. in our systems (note that the Dechlor-
osoma genus has been renamed as Azospira; Dechlorosoma
suillum (Achenbach et al., 2001) is a later subjective synonym
of Azospira oryzae (Reinhold-Hurek and Hurek, 2000)).
The relative abundances of perchlorate-reducing bacteria in
the BAC and the glass bead reactors should not be considered
low, because the influent perchlorate concentration was
low compared to the influent DO level (i.e., 50 vs. 1000mg/L),
and the microbial communities in the two reactors
likely did not need to maintain large perchlorate-reducing
bacterial populations to reduce the small amount of per-
chlorate. Finally, for the baseline operation condition, the
levels of the most abundant bacterial populations were
similar in the two reactors, while some less abundant
bacterial populations were shown to be present in the BAC
reactor only. We speculate that the roughness of the GAC
surface provides a wider range of environmental niches than
the glass surface, resulting in a more diverse microbial
community in the GAC biofilm compared to the biofilm in
the glass bead reactor.
The observation of similar major bacterial populations in
the two reactors supported our conclusion that the differ-
ences in the response of both reactors to short-term exposure
to increased DO levels (Figs. 1 and 2) were due to the sorptive
nature of GAC rather than to differences in microbial
composition. The change in the microbial community after
long-term exposure to increased DO concentrations (Fig. 3)
demonstrated a direct influence of reactor operation on the
competition of perchlorate-reducing bacteria with other
heterotrophic bacteria.
5. Conclusions
This is the first report demonstrating that using a sorptive
biofilm support medium can enhance biological perchlorate
reduction through chemisorption of oxygen (the competing
electron acceptor), in addition to the removal of perchlorate
by direct sorption. Substantial removal of both oxygen and
perchlorate was achieved for short periods (12h) with influent
DO concentrations of up to 8mg/L in the BAC reactor. Using a
non-sorptive support medium, complete breakthrough of
perchlorate was observed for increased influent DO concen-
trations. During long-term exposure (23d), the sorptive
removal of DO and perchlorate slowly decreased. Application
of sorptive support media is advantageous for biofilm reactors
exposed to transient operating conditions, such as variable
influent DO levels, reactor backwashing, and periods without
electron donor addition. Partial regeneration of the sorption
capacity was observed after long-term exposure to increased
influent DO levels but mechanisms and kinetics of this
regeneration should be further evaluated.
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C Appendix C 
 
 
Membrane Hybridization Results 
Table C.1.  Sequences for PNA MB probes and DNA oligonucleotide probes targeting 
Dechloromonas and Dechlorosoma. 
No Name Sequence (5’-3’) Target Type Fluo. Label 
























Dechlorosoma DNA probe  
 
Table C.2.  Target and non-target bacterial species used in probe characterization. 




























Source DSMZ: DSM 13637 DSMZ: DSM 13638 











strain asp 66 
Lactobacillus 
sanfranciscensis 
strain Kline L-2 
Comamonas 
testosteroni 





Source ATCC 53528 DSMZ: DSM 
12018 

































































Figure C.1.  Td curves of DNA oligonucleotide probe S-G-Dmonas-0121-a-A-18 using 
the elution method.  Target and non-target RNA extracts were from Dechloromonas 
agitata and Methylophilus methylotrophus, containing 0 and 2 mismatches with the probe, 


































































Figure C.2.  Td curves of DNA oligonucleotide probe S-G-Dmonas-0441-a-A-18 using 
the elution method.  Target and non-target RNA extracts were from Dechloromonas 
agitata and Dechlorosoma suillum, containing 0 and 2 mismatches with the probe, 



































































Figure C.3.  Td curves of DNA oligonucleotide probe S-G-Dsoma-0848-a-A-17 using the 
elution method.  Target and non-target RNA extracts were from Dechlorosoma suillum 
and Marinospirillum minutulum, containing 0 and 1 mismatch with the probe, 





































































Figure C.4.  Td curves of DNA oligonucleotide probe S-G-Dsoma-1015-a-A-18 using the 
elution method.  Target and non-target RNA extracts were from Dechlorosoma suillum 
and Zoogloea ramigera, containing 0 and 1 mismatch with the probe, respectively.  Top: 













































Figure C.5.  Fine tune of Td for the two DNA oligonucleotide probes targeting 
Dechloromonas spp..  The numbers in parentheses indicate the number of mismatches 
between 16S rRNA and corresponding DNA probes.  Top: S-G-Dmonas-0121-a-A-18.  










































Figure C.6.  Fine tune of Td for the two DNA oligonucleotide probes targeting 
Dechlorosoma spp..  The numbers in parentheses indicate the number of mismatches 
between 16S rRNA and corresponding DNA probes.  Top: S-G-Dsoma-0848-a-A-17.  




D Appendix D 
 
 
Characterizations of PNA MB Probes 























Figure D.1.  Growth curves of five bacterial cultures that were used in the 






Figure D.2.  Characterization of PNA MB probe S-G-Dmonas-0121-a-A-18 using the 
whole cells of target Dechloromonas agitata and non-target Methylophilus 
methylotrophus, containing 0 and 2 mismatches with the probe, respectively.  2.5 μL of 5 
μM PNA MB were added to 100 μL hybridization buffers that contained 30% (top), 50% 
(middle) and 70% (bottom) formamide.  RFU: relative fluorescence unit.  Background 


















































































Figure D.3.  Characterization of PNA MB probe S-G-Dsoma-0848-a-A-17 using the 
whole cells of target Dechlorosoma suillum and non-target Marinospirillum minutulum, 
containing 0 and 1 mismatch with the probe, respectively.  2.5 μL of 5 μM PNA MB 
were added to 100 μL hybridization buffers that contained 30% (top), 50% (middle) and 
70% (bottom) formamide.  RFU: relative fluorescence unit.  Background fluorescence 
















































































































































Figure D.4.  Fluorescence signals as a function of the formamide concentrations in 
hybridization buffers for the PNA MB probe S-G-Dmonas-0121-a-A-18.   The whole 
cells of Dechloromonas agitata were used as targets.  Top: fluorescence signals from the 
hybridization between PNA MB and the whole cell as well as from the negative control 
that only contained PNA MB.  Bottom: net fluorescence signals from the difference 
between the two curves in the top plot, and from the whole cell samples that were washed 
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Figure D.5.  Specificity test of PNA MB probe S-D-Bact-0338-a-A-16, using 16S rRNA 
of target Dechloromonas and the mixture of 16S rRNA from target Dechloromonas and 
non-target Methanosarcina, at a published hybridization condition.  Error bars were 






Figure D.6.  Sample plots of fluorescence signal from PNA MB probe S-G-Dsoma-0848-
a-A-17 hybridized to 16S rRNA of target Dechlorosoma suillum measured using 
capillary electrophoresis.  In the ten panels (top to bottom) formamide concentrations in 



















Figure D.7.  Peak area collected from Figure D.6 as a function of formamide 
concentrations in hybridization buffers.  The peak area in the test for 90% formamide 





Figure D.8.  Characterization of PNA MB probe S-G-Dmonas-0121-a-A-18, using a 
FISH protocol that did not include a washing step, on target Dechloromonas agitata and 
non-targets Methylophilus methylotrophus and Escherichia coli.  Top: an artificial 
mixture of D. agitata and M. methylotrophus.  Bottom: an artificial mixture of D. agitate 
and E. coli.  Left: DAPI staining.  Right: fluorescence signals from the PNA MB probe.  































Figure D.9.  Fluorescence signals from PNA MB probe S-G-Monas-0121-a-A-18 
measured using a flow cytometry.  Bacterial species included target Dechloromonas 
agitata, and non-target Methylophilus methylotrophus and Escherichia coli.  The unit a.u. 
stands for arbitrary unites.  “+” and “−” indicate whether the cells were visible and 














Figure D.10.  FISH images, obtained by following a protocol that include a washing step, 
on environmental samples.  Top: DAPI staining.  Middle: PNA MB S-D-Bact-0338-a-A-




E Appendix E 
 
 
Microbial Community Analysis of a Biologically Active 
Carbon Reactor Operated for Perchlorate Removal 
1. Abstract 
A sample of biologically active carbon (BAC) was collected from a pilot-scale 
bioreactor operated by Carollo Engineers and transported on ice to the University of 
Illinois in February 2005.  Two methods targeting the 16S ribosomal rRNA gene 
were used to identify the major bacterial populations in the sample, i.e., terminal 
restriction fragment length polymorphism (T-RFLP) and construction of a clone 
library combined with a phylogenetic analysis.  The T-RFLP approach was designed 
to detect the two major genera of perchlorate-reducing bacteria so far identified, i.e., 
Dechloromonas and Dechlorosoma (Dechlorosoma is also called Azospira, Tan and 
Reinhold-Hurek, 2003).  The T-RFLP results indicated that both Dechloromonas and 
Dechlorosoma species were present and comprised 6.1±2.4% and 1.9±0.8%, 
respectively, of the total bacteria in the sample.  The clone library and phylogenetic 
analysis results indicated that Beta-, Epsilon-, and Deltaproteobacteria were the 
dominant groups in the sample and comprised 62%, 36%, and 2%, respectively, of the 
total bacteria.  A detailed phylogenetic analysis determined that the closest cultured 
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relatives to clones identified in the sample were perchlorate-, nitrate-, and 
sulfate-reducing bacteria. 
 
2. Materials and Methods 
2.1 Sample 
A sample of biologically active carbon (BAC) was collected from a pilot-scale 
bioreactor operated by Carollo Engineers and transported overnight on dry ice to the 
University of Illinois.  The sample was received on February 25, 2005.  The sample 
was aliquotted and processed upon arrival.   
 
2.2 T-RFLP 
Total DNA was extracted from three subsamples using the Ultra Clean Soil DNA Kit 
(MoBio Lab Inc, Carlsbad, CA).  Bacterial 16S ribosomal RNA (rRNA) genes were 
amplified using the polymerase chain reaction (PCR).  A forward primer specific for 
the bacterial domain, S-D-Bact-0027-a-S-20 (AGAGTTTGATCMTGGCTCAG), 
labeled with the fluorescent dye Carboxyfluorescein (FAM), and a universal reverse 
primer, S-∗-Univ-1392-a-A-15 (ACGGGCGGTGTGTRC) (Stahl et al., 1988) were 
used as the primer set.  Reaction mixtures were set at 50 μL and contained 2 μL 10 
ng/μL template (quantified using NanoDrop, Wilmington, DE), 2.5 units of ExTaq 
DNA Polymerase (Takara Shuzo Co., Ltd., Otsu, Japan), 5 μL 10X reaction buffer 
(Takara Shuzo Co., Ltd.), 4 μL dNTP mixture (2.5 mM each), 4 μL 25-mM MgCl2, 
and primers at 10 pmol each.  PCR was performed as follows: 5 min at 94°C (hot 
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start); 1 min at 94°C, 1 min at 55°C, and 1.5 min at 72°C (30 cycles); and a final 
8-min extension step at 72°C.   
PCR products were purified using a QIAquick PCR Purification Kit (Qiagen 
Inc., Chatsworth, CA), and the purified DNA was digested using restriction enzymes 
FauI and MaeIII (New England Biolabs, Inc., Beverly, MA, enzymes were chosen 
using a program presented in Klein et al. 2005) at 55oC for 3 hours followed by 
inactivation at 65oC for 20 min.  A desalting procedure was performed to further 
purify the digested DNA fragment.  In every 10 μL digested DNA sample, 0.25 μL of 
20 mg/mL glycogen (Roche Applied Science, Penzbery, Germany) and 1 μL of 3 M 
sodium acetate (pH=5.2) were added and gently mixed.  25 μL of ice-cold 95% 
ethanol was added, and the samples were stored at -20oC for 30 min followed by a 
centrifugation at 16,100 g for 15 min.  The supernatants were removed and 200 μL 
of ice-cold 70% ethanol was added followed by a centrifugation at 16,100 g for 2 min.  
The supernatant was removed and the DNA fragment was re-suspended in 10 μL 
distilled deionized water after air drying for 15 min. 
Purified fragments were analyzed using an ABI Prism 3730xl Analyzer 
(Applied Biosystem Instrument, Foster City, CA) at the W.M. Keck Center for 
Comparative and Functional Genomics at the University of Illinois at 
Urbana-Champaign Biotechnology Center (Urbana, IL).  T-RFLP results were 
analyzed using GeneMapper v.3.7 (Applied Biosystems Instruments).  The 
Dechloromonas and Dechlorosoma 16S rRNA genes should theoretically generate 
terminal restriction fragments (T-RFs) with sizes of 149 bp and 151 bp, respectively, 
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when digested with MaeIII.  The corresponding T-RF sizes for digestion with FauI 
were predicted to be 926 bp and 485 bp, respectively.  Using pure cultures of 
Dechloromonas and Dechlorosoma species as positive controls, additional fragment 
sizes that were not predicted by the initial in silico analysis were detected.  These 
additional fragments were present due to incomplete digestion, resulting in 
fluorescent T-RFs of multiple sizes.  For enzyme FauI, the presence of the reverse 
complementary sequence of its recognition site in the 16S rRNA gene sequences also 
contributed to the generation of multiple fluorescent T-RFs.  Relevant fragment sizes 
are listed in Table 1.  The abundance of Dechloromonas and Dechlorosoma was 
determined by dividing the sum of the peak areas for target T-RFs by the total area 
contributed by all peaks.   
 
Table E.1.  Actual T-RF sizes determined with pure cultures of Dechloromonas 
agitata and Dechlorosoma suillum after digestion with enzymes FauI and MaeIII.  
The sequences represent recognition sites for the enzymes and arrow heads indicate 
the locations where the enzymes cut.  The numbers in parentheses are the theoretical 
fragment sizes. 
 T-RF sizes (bp) 
 FauI MaeIII 
 5’..CCCGC(N)4ˇ..3’ 5’.. ˇ(N)6GCGGG..3’ 5’..ˇGTNAC..3’ 
Dechloromonas 929 (926) 267.1 (269) and 
267.9 (269) 
147.5 (149) and 
627.5 (625) 
Dechlorosoma 485 (485) 177.7 (180), 421.8 




2.2 Clone Library 
The PCR reaction for the clone library was similar to the one for T-RFLP, except for 
the following two modifications: 1) an unlabeled forward primer, 
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S-D-Bact-0027-a-S-20, was used; 2) the extension time at the end of the PCR reaction 
was 20 min instead of 8 min.  Clones of amplified 16S rRNA genes were generated 
using a TOPO TA Cloning Kit for Sequencing (Invitrogen Corp., Carlsbad, CA).  
Colony PCRs were performed on 83 single colonies with a primer set located on the 
plasmid used in the cloning kit (T3 and T7).  Thereafter, 42 amplicons of the correct 
size (approximately 1,400 base pairs) were digested with enzyme HaeIII.  After 
visualization of the digestion products on 1.5% NuSieve 3:1 agarose (Cambrex Bio 
Science Inc., Rockland, ME), 11 unique clones were selected and plasmid DNA was 
extracted for sequencing at the W.M. Keck Center at the University of Illinois at 
Urbana-Champaign.  A phylogenetic tree was built using MacVector 7 (by Accelrys).  
The tree was prepared with 386 unambiguously aligned basepairs starting from the 
reverse primer using the CLUSTALW method.  Bootstrap values were annotated to 
each branch using neighbor joining method and the algebra of Tamura-Nei.  The tree 
was rooted by using the 16S rDNA sequence from Escherichia coli as an outgroup. 
 
3. Results  
 
3.1 T-RFLP 
The abundances of Dechloromonas and Dechlorosoma were expressed as percentages 
of the total bacterial community for each of the three sub-samples extracted.  Results 
obtained with both enzymes (FauI and MaeIII) indicated Dechloromonas and 
Dechlorosoma were present in the BAC sample.  When FauI was used, 6.1±2.4% of 
the bacteria were estimated to belong to the genus Dechloromonas, while 2.0±2.3% 
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were estimated to belong to Dechlorosoma.  The corresponding numbers obtained 
with the enzyme MaeIII were 12.9±6.6% and 1.9±0.8%, respectively.   
The estimates of the relative abundance of Dechloromonas obtained with the 
two enzymes were quite different.  A search in the Ribosomal Database Project 
(RDP, http://rdp.cme.msu.edu) indicated that some beta-proteobacteria could 
contribute to false-positive signals for MaeIII.  It is possible that these 
beta-proteobacteria were present in the BAC sample and contributed to the high 
abundance obtained with MaeIII.  Therefore, the estimate obtained with FauI (lower 
value) is preferred over the percentage determined with MaeIII.   
The abundance of Dechlorosoma was substantially lower than that of 
Dechloromonas.  This observation is consistent with previous observations with 
samples collected from perchlorate-reducing BAC reactors (Lin et al., 2005).   
 
3.2 Clone Library 
Out of 42 identifiable clones, 26 (62%), 15 (36%), and one (2%) belonged to the 
beta-proteobacteria, epsilon-proteobacteria, and delta-proteobacteria, respectively.  
Further phylogenetic analysis indicated that five clones that grouped within the 
beta-proteobacteria (e.g., clones A10 and D5-2, representing 12% of the total bacteria) 
were close relatives of Dechloromonas species, as shown in Figure 1.  Therefore, 
these five clones likely functioned as perchlorate-reducing bacteria.  The other 21 
clones in the beta-proteobacteria (e.g., clones F4, C3-2, B6-2, A11-2, and H8, 
representing 50% of the total bacteria) were closely related to two uncultured 
representatives in the Genbank database (http://www.ncbi.nlm.nih.gov), i.e., clones 
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Orbal D41 and D54.  These clones were obtained from a wastewater treatment plant 
operated for enhanced biological phosphorus removal.  Clone Orbal D41 was 
believed to represent a phosphorus accumulating organism (Zilles et al., 2002).  No 
clones were found to have a high similarity to the genus Dechlorosoma.   
The 15 clones in the epsilon-proteobacteria (represented by clones E1, H6, and 
H10) exhibited 93% identity to Thiomicrospira denitrificans, a 
thiosulphate-oxidizing, nitrate-reducing microorganism recovered from a deep-sea 
hydrothermal vent sample (Muyzer et al., 1995).  Assuming 16S rRNA gene 
similarity can be used to derive physiological information, this result may indicate 
that the BAC reactor contained bacteria using nitrate as their electron acceptor and 
reduced sulfur compounds as their electron donor.  The clone in the 
delta-proteobacteria (clone B7) is a close relative of Desulfobacter postgatei (95% 
identity, not shown in the tree).  Desulfobacter postgatei is a sulfate-reducing 
bacterium (Friedrich, 2002), suggesting that sulfate reduction may have occurred in 




Figure E.1.  Phylogenetic tree based on 384 bp of the 16S rRNA genes from the 
clones recovered from the BAC sample (11 unique clones were sequenced in this 
study and were given names with an uppercase letter followed by a number).  
Neighbor Joining Method with bootstrap value of 1000.  Distance: Tamura-Nei. 
 
4. Discussion 
Beta-, epsilon-, and delta-proteobacteria were identified to be present in the BAC 
sample using phylogenetic analysis of 16S rRNA gene sequences generated after 
construction of a clone library.  Based on a detailed phylogenetic analysis and 
comparison of sequencing results with sequence information in public databases, it 
may be derived that three types of reduction reactions took place in the BAC reactor: 
perchlorate, nitrate, and sulfate reduction.  It should be noted that it is not always 
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possible to derive physiological information from phylogenetic data, so this 
conclusion should be interpreted with caution.  
The relative abundances of Dechloromonas species estimated with T-RFLP 
and clone library analyses were 6.1±2.4% and 12%, respectively.  These numbers 
should be interpreted with caution since the methods used in this study are at best 
semi-quantitative.  Both methods rely on PCR and therefore are subject to typical 
biases associated with PCR.  Furthermore, only a limited number of clones was 
obtained and sequenced in the clone library analysis.  
Using T-RFLP, about 2% of the total bacteria was identified as Dechlorosoma 
species, whereas the clone library analysis did not yield a clone representing this 
genus.  The absence of a Dechlorosoma clone was not unexpected given the low 
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Figure F.1.  A cell aggregate and free cells in the effluent of the bench-scale BAC reactor 
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